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Solar UV radiation in a changing world: roles of
cryosphere–land–water–atmosphere interfaces in
global biogeochemical cycles
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Global change influences biogeochemical cycles within and between environmental compartments (i.e.,

the cryosphere, terrestrial and aquatic ecosystems, and the atmosphere). A major effect of global change

on carbon cycling is altered exposure of natural organic matter (NOM) to solar radiation, particularly solar

UV radiation. In terrestrial and aquatic ecosystems, NOM is degraded by UV and visible radiation, resulting

in the emission of carbon dioxide (CO2) and carbon monoxide, as well as a range of products that can be

more easily degraded by microbes (photofacilitation). On land, droughts and land-use change can reduce

plant cover causing an increase in exposure of plant litter to solar radiation. The altered transport of soil

organic matter from terrestrial to aquatic ecosystems also can enhance exposure of NOM to solar radia-

tion. An increase in emission of CO2 from terrestrial and aquatic ecosystems due to the effects of global

warming, such as droughts and thawing of permafrost soils, fuels a positive feedback on global warming.

This is also the case for greenhouse gases other than CO2, including methane and nitrous oxide, that are

emitted from terrestrial and aquatic ecosystems. These trace gases also have indirect or direct impacts on

stratospheric ozone concentrations. The interactive effects of UV radiation and climate change greatly

alter the fate of synthetic and biological contaminants. Contaminants are degraded or inactivated by

direct and indirect photochemical reactions. The balance between direct and indirect photodegradation

or photoinactivation of contaminants is likely to change with future changes in stratospheric ozone, and

with changes in runoff of coloured dissolved organic matter due to climate and land-use changes.

1 Introduction
Biogeochemical cycles involve the transformation of materials
in the environment and their transport across interfaces
between different compartments in the Earth system i.e., land,
water, atmosphere and cryosphere (ice, snow and frozen
ground), Fig. 1. These cycles govern changes in the concen-
tration and form of carbon, nutrients, and contaminants that
affect organisms and ecosystems. Biogeochemical cycles influ-
ence the concentration of trace gases in the atmosphere,
including carbon dioxide (CO2) and other greenhouse gases,
as well as air pollutants. Conversely, biogeochemical cycles in
terrestrial and aquatic ecosystems are affected by changes in
climate and stratospheric ozone (O3).

In this paper, we assess current knowledge on biogeochem-
ical cycles in the context of global change, including changes
in stratospheric ozone, climate, land-use, and the interactions
between these changes (Fig. 1). We concentrate on the biogeo-
chemical cycling of carbon, precursors of reactive trace gases,
and synthetic and biological contaminants. Within that very
broad remit, we focus on the effects of solar UV radiation on
these cycles. However, rather than the narrow focus on UV-B
(280–315 nm) radiation that is appropriate for assessing
depletion of stratospheric ozone in isolation, the effects of UV-A
(315–400 nm) are now also considered, as well as short-wave-
length visible radiation, since both UV and visible radiation are
expected to change because of environmental changes (see
ref. 1). For example, increases in the frequency and intensity of
wildfires and, consequently, enhanced emissions of aerosols
affect solar radiation in all the spectral ranges. This paper not
only assesses the role of solar UV and visible radiation on the
transformation of materials within compartments of the Earth-
system but also how global change affects the transport
between compartments, for example land–water, cryosphere–
water, land–atmosphere, and water–atmosphere.

The transport of materials between land, the cryosphere,
and water is strongly influenced by effects of global warming
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such as thawing of permafrost soils, more frequent and longer
lasting heavy precipitation events in some regions of the Earth,
and droughts and wildfires in other regions. Stratospheric
ozone depletion and warming in polar regions influence
weather patterns also in other regions of the southern and
northern hemisphere. The major role of ozone depletion in
Antarctica on regional climate in the southern hemisphere has
been identified (see ref. 1) with concomitant effects on terres-
trial and aquatic ecosystems3,4 (see ref. 2 and 5), and biogeo-
chemical cycles.4,6 Similarly, in the northern hemisphere, stra-
tospheric concentrations of ozone in the Arctic have been
suggested to affect local climates, with a study showing that
years with low Arctic stratospheric ozone in March coincided
with colder than normal temperatures over southeastern
Europe and southern Asia, but warmer than normal tempera-
tures over northern Asia in March/April.7 Furthermore,
changes in the Arctic due to Arctic amplification (i.e., where
the Arctic warms faster than elsewhere in response to rising
greenhouse-gas concentrations6,8,9) not only affect climate in
the Arctic but also at mid-latitudes of the northern
hemisphere.9–12 This phenomenon is linked to the jet stream

which changes as a consequence of Arctic amplification and
loss of sea ice.10,13 As a result, weather patterns have become
more persistent and weather extremes more likely.9

Because of heavy precipitation events and loss of the cryo-
sphere, e.g. thawing of permafrost soils, the flow of natural
organic matter (NOM) from the land into water bodies is
enhanced (Fig. 1 and 2). On land, NOM consists of plant and
soil organic matter, whereas, in aquatic ecosystems, debris
from algae and bacteria also contribute to NOM. However, in
fresh and coastal waters, a large portion of NOM originates
from terrestrial ecosystems and consists of terrestrial dissolved
organic matter (tDOM), where a large part is coloured dis-
solved organic matter (CDOM) and particulate organic matter
(POM). Therefore, the focus of this assessment regarding
carbon cycling is on the effects of solar radiation, particularly
solar UV radiation, and climate change on the fate of terres-
trial NOM, both on land and in water. The break-down of
NOM on land and in water, a process which is influenced by
exposure to solar radiation, releases carbon dioxide (CO2) and,
to a smaller extent, carbon monoxide (CO) into the atmosphere
(Fig. 1 and 2).

Fig. 1 Interactive effects of solar radiation (UV and visible) and climate change on biogeochemical cycles. The numbers in the arrows refer to the
following effects: (1) stratospheric ozone concentrations are affected by ozone depleting substances (ODSs) and control the intensity of solar UV
radiation (see ref. 1). Climate change affects cloud formation and the intensity of UV radiation reaching the Earth’s surface (see ref. 1). Antarctic
ozone depletion impacts local climates in the southern hemisphere via changes of the Southern Annular Mode (SAM) (see ref. 1 and 2), while Arctic
amplification influences local climates in the northern hemisphere. Interactive effects of solar UV radiation and climate change affect the biogeo-
chemical production and fate of greenhouse gases, particularly CO2, but also methane (CH4) and nitrous oxide (N2O), that impact climate and strato-
spheric ozone. (2) Important consequences of climate change are warming of and loss of the cryosphere, increasing frequency and intensity of
droughts, wildfires, storms, and heavy precipitation events in different regions of the Earth. (3) Loss of the cryosphere and increases in storms and
heavy precipitation events result in the enhanced transport of natural organic matter (NOM) from land to water, where it is degraded to CO2, carbon
monoxide (CO), and other products by UV and visible radiation, and by microbes. (4) Similarly, degradation of NOM by UV and visible radiation, and
by microbes occurs on soil surfaces. (5) Contaminants also undergo UV-induced degradation, either in direct or indirect photochemical reactions.
Contaminants include organic contaminants, nanomaterials, microplastics, harmful algal blooms, and viruses.
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Solar UV radiation also plays an important role in the degra-
dation and inactivation of synthetic and biological contami-
nants in terrestrial and aquatic ecosystems, especially in the
case of organic micropollutants that may pass through conven-
tional sewage treatment plants without being degraded.14

Among organic contaminants, antibiotics as well as pesticides
are of increasing environmental concern. Pesticides usually
enter aquatic ecosystems untreated from non-point sources.15

Furthermore, some organic contaminants are persistent
organic pollutants (POPs) with a long lifetime. Semi-volatile
POPs can be transported over long distances in the atmo-
sphere and may have environmental effects far from their
point of origin, e.g., on penguins of the Southern Ocean.16 In
assessing the degradation of contaminants, the effects of
climate change also have to be considered, particularly
changes in the runoff of CDOM17 (see ref. 5). Models that con-
sider changes in stratospheric ozone and thus UV-B radiation
and effects of climate change help to predict rates of photode-
gradation or photoinactivation of contaminants in environ-
mental systems. Section 5.3 discusses how models can help to
quantify degradation of synthetic and biological contaminants
in response to global change.

Changes in stratospheric ozone and climate also affect the
biogeochemical cycling of trace gases other than CO2, includ-
ing carbon monoxide (CO), methane (CH4), nitrous oxide
(N2O), and halogen compounds. CO is a key player in tropo-
spheric chemistry since it competes with other trace gases for
the hydroxyl radical (OH), for example, with CH4, which is an
important greenhouse gas. Emissions of CH4 from natural
sources including wetlands, permafrost soils, and wildfires

contribute approximately 40% of total CH4 emissions.18,19

These natural sources of CH4 are affected by global warming
and emissions of CH4 further reinforce global warming. The
third most important greenhouse gas is N2O, following CO2

and CH4, which impacts the abundance of stratospheric
ozone20 (see ref. 1 and 21). This trace gas is released from ter-
restrial and aquatic ecosystems and via thawing of permafrost
soils. Biogeochemical processes in seawater and on the surface
of the cryosphere also play an important role in the formation
of halogen compounds other than chlorofluororcarbons
(CFCs), which are precursors of reactive halogen species.
Among the “natural” halogen compounds, brominated very
short-lived substances (BrVSLS) are important trace gases for
stratospheric ozone chemistry since they may reach the lower-
most stratosphere and participate in the depletion of strato-
spheric ozone. Reactive halogen species from natural sources
also play an important role in tropospheric chemistry, e.g., as
oxidants of gaseous elemental mercury.

Here we assess new findings in the realm of biogeochem-
ical cycles under changing stratospheric ozone, solar UV radi-
ation, and climate including the following sections: (2)
Stratospheric ozone depletion and biogeochemical cycles: an
overview of four decades of research; (3) Roles of interfaces
and climate change in carbon cycling mediated by UV and
visible radiation; (4) Natural emissions of trace gases that con-
tribute to global warming and affect stratospheric ozone;
(5) Effects of stratospheric ozone and climate change on UV-
induced transformation of contaminants; (6) Feedbacks on
global warming that are mediated by UV and visible radiation;
and (7) Major advances and gaps in knowledge (with respect to
the interactive effects of solar radiation [UV and visible] and
climate change on biogeochemical cycles).

2 Stratospheric ozone depletion and
biogeochemical cycles: an overview of
four decades of research

Assessing the effects of depletion of stratospheric ozone on
biogeochemical cycles has been part of the remit of the
Environmental Effects Assessment Panel since 1995. This, our
seventh assessment, also follows the 30th anniversary of the
Montreal Protocol and the ratification of its Kigali Amendment
in 2017. As well as assessing research progress over the last
four years, it is timely in this assessment to place that recent
research in the context of progress in research and policy over
the last four decades.

Part of the success of the Montreal Protocol has been its
influence on high quality science, not just the understanding
of the mechanisms of stratospheric ozone depletion but also
the understanding of the environmental effects of uncon-
trolled depletion of stratospheric ozone.22 Conversely, the
need for high quality science to underpin the Montreal
Protocol has been a major stimulus for research across mul-
tiple scientific disciplines. As a result, understanding of the

Fig. 2 Plants take up carbon dioxide (CO2) from the atmosphere and
convert it to plant organic matter, of which light-absorbing lignin is a major
component. When plants die, plant and soil organic matter is decomposed
by soil microbes to CO2 and carbon monoxide (CO) that is returned to the
atmosphere, and to smaller pools of organic matter (i.e., particulate and ter-
restrial dissolved organic matter; POM and tDOM, respectively). POM and
tDOM are flushed to streams, rivers, and lakes in rain and snow, and to
coastal waters via riverine export. On land and in sunlit surface waters, UV
and visible radiation help decompose plant organic matter, POM, and
tDOM to CO2 and CO. PAR, photosynthetic active radiation (400–700 nm).
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environmental effects of ozone depletion, above all, the effects
of changes in solar UV-B radiation (280–315 nm), has been
transformed over the last three to four decades. That trans-
formation applies to understanding of the effects of UV-B radi-
ation on biogeochemical cycling, which was very poorly devel-
oped prior to the 1980s. There was a small foundation of
earlier research pertinent to this topic, and since that time
much more has been added. For example, by the late 1970s it
was well-established that UV radiation could be a significant
factor in the degradation of organic pollutants (see e.g., Pinhey
and Rigby (1969),23 and Zepp and Cline (1977)24), humic sub-
stances (now generally included under the broad heading of
dissolved organic matter (DOM)),25,26 and nitrate27 in aquatic
systems. By contrast, the role of solar UV radiation in the bio-
geochemistry of terrestrial ecosystems was effectively unex-
plored prior to the 1980s.

This research prior to the Montreal Protocol demonstrated
that solar UV radiation could play a role in biogeochemical
processes and identified fundamental photochemical mecha-
nisms, thus laying the foundation for research stimulated by
concerns over ozone depletion. Building on that foundation,
research in the early 1980s revealed that the photochemistry of
nitrate and coloured dissolved organic matter (CDOM)
involved the generation of reactive oxygen species (ROS), such
as OH. It became clear that ROS play a major role in the degra-
dation of natural organic compounds as well as contaminants,
and also that metals (particularly iron) are involved in the pro-
duction of OH in sunlit aquatic ecosystems.28

The Montreal Protocol also stimulated the first studies into
the effects of UV-B radiation on biogeochemistry in terrestrial
ecosystems. The first papers to investigate the effects of UV-B
radiation on the decomposition of dead plant material
(“litter”) were not published until the mid-1990s. Following
initial modelling studies,29 it was confirmed that solar UV radi-
ation could affect the rate of litter degradation30 and enhance
emissions of trace gases,31 paving the way for substantial
research over the last two decades, e.g., ref. 6 and 32. Some of
the trace gases that are emitted from these natural sources,
e.g., nitrogen oxides (NOx) and very-short-lived halocarbons,
can affect concentrations of ozone in the troposphere and the
stratosphere.6

This period of research, stimulated primarily by the need to
understand the effects of ozone depletion, lasted from the late
1980s until the beginning of this century. Since then, new
advances in both science and policy have led to new perspec-
tives on the role of UV radiation in biogeochemical cycling.

First, we now understand that the effects of solar UV radi-
ation on biogeochemical cycles are not confined to the high
irradiances or doses that would occur only with uncontrolled
stratospheric ozone depletion. Field manipulations using
wavelength-selective filters and laboratory-based studies with
environmentally-relevant and well-defined treatments show
that a wide range of biogeochemical processes respond signifi-
cantly to variation in UV radiation within the ambient range.
In addition, it is now clear that the results of depletion of stra-
tospheric ozone other than increased UV-B radiation can have

major effects on ecosystems that were not anticipated in
earlier research. Antarctic ozone depletion has had a strong
influence on climate in the southern hemisphere33 (see ref. 1)
with concomitant effects on terrestrial and marine ecosystems
(see ref. 2 and 5) and biogeochemical cycles.4,6

Second, we now have a much better understanding of the
role of factors other than stratospheric ozone in determining
surface irradiances of solar UV radiation, both UV-B and
longer wavelength UV-A (315–400 nm). The effects of time of
day, season and latitude on UV irradiances, all driven by the
changes in solar elevation, have been well-defined for many
years. However, quantification of the response of UV irra-
diances to stochastic changes in other factors, including
cloud, air pollution and aerosols, continues to improve (see
ref. 1). There is also increased awareness that variation in
surface irradiances, as typically measured by atmospheric
scientists, is not the only factor affecting the exposure of
organisms or ecosystems to UV-B radiation. The absorption or
reflection of UV radiation by ice or snow may significantly
affect the exposure to UV radiation at high latitudes or high
altitudes (see ref. 1). In terrestrial ecosystems, plant canopies
greatly influence the exposure to UV radiation at the soil
surface (see ref. 2), while the exposure to UV radiation in
aquatic systems is also substantially influenced by the effects
of coloured dissolved organic matter (CDOM) on the pene-
tration of UV radiation through the water column (also see ref.
5).

Third, the successful implementation of the Montreal
Protocol and its amendments has prevented uncontrolled,
global ozone depletion33 (see ref. 1). While significant seasonal
ozone depletion over the Antarctic has occurred annually since
the 1980s, changes in total stratospheric ozone in other
regions have been small and/or transient (see ref. 1). Except
for the effects of ozone ‘holes’ over the Antarctic, and occasion-
ally over the Arctic, measurable effects of changes in strato-
spheric ozone on levels of surface UV-B radiation have gener-
ally been hard to identify against variation due to other factors
(see ref. 1). Looking ahead, ozone recovery over the Antarctic is
expected to progressively reverse the seasonal increases in
surface UV-B radiation measured there (see ref. 1). Beyond the
Antarctic, future trends in exposure to surface UV-B radiation
will be driven partly by changes in stratospheric ozone and
partly by changes in factors other than stratospheric ozone
(see ref. 1). These factors include cloud, air pollution, aerosols,
ice and snow cover and DOM, which are all expected to be
affected by climate change, with marked temporal and geo-
graphical variation in the magnitude and in some cases the
direction of change (see ref. 1 and 5).

Fourth, it is increasingly evident that knowledge of the
effects of solar UV radiation on biogeochemistry is necessary
to understand not only responses to environmental change
but also the drivers of change. A primary example is the role of
solar radiation in determining exchanges of CO2 and other
GHGs, for example, the release of CO2 from plant litter or
DOM,32,34,35 but also changes in the uptake of CO2 by aquatic
organisms (see ref. 5) and, perhaps, terrestrial plants (see
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ref. 2). Biogeochemical processes driven by sunlight are also
pertinent to understanding other current environmental chal-
lenges, including the fate of dissolved pollutants such as pesti-
cides or heavy metal compounds, or the increasing problem of
plastics contaminating the environment (also see ref. 5 and 36).

These new scientific perspectives, which have emerged pro-
gressively over several years6,32 are now framed by recent
changes in the Montreal Protocol itself. The Protocol has
evolved to control not just the original ozone-depleting sub-
stances such as chlorofluorocarbons (CFCs), but their replace-
ments, most recently hydrofluorocarbons (HFCs). The control
of HFCs under the 2016 Kigali Amendment is notable because
HFCs are not ozone-depleting substances but many are green-
house gases.33 As a result, as well as continuing to be the
global mechanism for protecting the stratospheric ozone layer,
the Montreal Protocol now includes a specific responsibility
for protecting Earth’s climate.

3 Roles of interfaces and climate
change in carbon cycling mediated by
UV and visible radiation

There are many aspects of climate change that affect biogeo-
chemical carbon cycling by changing the exposure of natural
organic matter (NOM) to UV and visible radiation on the
surface of the Earth. Important effects are warming of and loss
of the cryosphere and more frequent and longer lasting heavy
precipitation events. In this section, we assess the interactive
effects of solar radiation, particularly solar UV radiation, and
climate change on carbon cycling across cryosphere–land–
water–air. Solar UV and visible radiation play a role in the
degradation of NOM to CO2 and CO, a process that is often
enhanced by climate change and can thus feedback to modify
climate.

When plants die on land, the organic matter produced by
photosynthesis is then decomposed and eventually trans-
formed to inorganic carbon (CO2 and CO). Although most of
the carbon turnover is mediated by decomposer organisms,
some decomposition of NOM is driven directly by solar UV
and visible radiation through photochemical reactions that
generate CO2 (Fig. 2).

34,37 The degradation of NOM by solar UV
and visible radiation occurs on land and in fresh and marine
waters after the transfer of NOM from land to water. One of
the key controls of photodegradation of NOM on land and in
water are compounds that absorb solar radiation. One example
is lignin, a compound that provides structural support for
plants and is almost exclusively found in plants of terrestrial
origin.38 Lignin has been shown to be one of the principal
light absorbing compounds in decaying plant material.39–42 In
addition to the production of CO2 and CO, photodegradation
of NOM on land and in water yields smaller organic com-
pounds that are more bioavailable to microorganisms, a
process called photofacilitation12,40,42 (also see ref. 2). In this
section, the term “photodegradation” is used to include the

integrated effects of solar radiation through photochemical
degradation of NOM and photofacilitation of microbial decay.

The fundamental mechanisms of photodegradation of
NOM are the same on land and in water. The rate of degra-
dation of NOM via direct photoreactions depends on the
quantum yield (efficiency of a photoreaction), and on the rate
of light absorption by NOM. The latter is influenced by many
factors that are susceptible to changes in stratospheric ozone,
climate, and land-use, including the intensity of solar radi-
ation, particularly solar UV radiation at the surface of land or
water, and the concentration and absorption properties of
NOM. Thus, there are several common ways in which the rela-
tive importance of photochemical degradation on land and in
water may be affected by climate and change in land-use.
Fundamentally, any change in solar radiation (i.e., changes in
cloudiness or air pollution events) may contribute to changes
in photodegradation of NOM on land and in water. In
addition, changes in cover by vegetation can alter the exposure
of NOM to solar radiation (i.e., canopy on land or vegetative
shading of streams).43,44

In aquatic ecosystems, terrestrially-derived dissolved
organic matter (tDOM) can also be degraded via indirect
photochemical reactions with the help of photosensitisers that
absorb solar (mainly UV) radiation. Important photosensitisers
are CDOM, nitrate (NO3

−), and iron compounds (section 5.1).
Upon absorption of sunlight, photo-excited sensitisers
undergo reactions involving dissolved oxygen (O2) to produce
reactive oxygen species (ROS), such as OH, superoxide (O2

•−),
hydrogen peroxide (H2O2), and singlet oxygen (1O2)
(Fig. 3).12,45,46 These ROS can completely degrade tDOM to

Fig. 3 Terrestrial dissolved and particulate organic matter (tDOM and
POM, respectively) absorb solar UV and visible radiation in fresh and
marine waters. This light absorption results in the photodissolution of
POM and the photodegradation of tDOM to greenhouse gases (mainly
CO2), and to smaller molecules that are readily degraded by microbes to
CO2 (i.e., respiration). Reactive oxygen species produced by photo-
excited tDOM and POM help to breakdown tDOM and POM to green-
house gases and smaller organic molecules (modified from Sulzberger
and Arey, 2016 12).
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CO2
47,48 or partially degrade tDOM, resulting in organic

matter altered in chemical composition49 to be more or less
labile to microbial degradation to CO2 (Fig. 3).

50,51 In addition,
ROS are harmful to aquatic microbes46 (see ref. 5) and may
suppress the degradation of tDOM by microbes.52,53 The rela-
tive importance of ROS for increasing the bioavailability of
tDOM and for negative effects on microbial communities and
their activities remains an open question.

Including photodegradation as a pathway for the pro-
duction of greenhouse gases from terrestrial and aquatic eco-
systems improves models of carbon cycling on land54 and
improves the understanding of controls on emissions of green-
house gases from inland and marine waters.35,55–57 For
example, in environments where biological decomposition of
NOM is relatively slow,35 it is now recognised that photodegra-
dation of NOM on land and in water are important com-
ponents of the carbon cycle. On land, photodegradation of
NOM is important in arid and semi-arid environments where
solar UV and visible radiation are high and microbial
decomposition is limited by water and availability of carbon.58

In contrast, photodegradation of NOM is important in aquatic
ecosystems in Arctic and boreal regions, despite the relatively
lower solar UV and visible radiation in these high latitudes
compared to temperate and tropical regions. Due in part to
slow rates of microbial decomposition in the cold waters at
these high latitudes, photodegradation of NOM in aquatic
systems is important.35 Given these environmental controls on
the relative importance of photodegradation of NOM on land
and in water for carbon cycling, e.g., dryness vs. humidity on
land, temperature in water, it follows that there are key differ-
ences in how these processes may shift in magnitude or
location in response to human-caused global changes. These
changes may occur through land-use, climate change, and stra-
tospheric ozone depletion in Antarctica (also see ref. 1 and 2),
where the latter two result in global warming and altered pre-
cipitation patterns. Effects of global changes on the photode-
gradation of NOM on land and in water are discussed in the
next sections.

3.1 Effects of global change on photodegradation of natural
organic matter on land

Photodegradation of NOM has been observed in the
field,34,37,59,60 and the laboratory.41,61 Several of these studies
have demonstrated that, at the ecosystem scale, the loss of
carbon via photochemical degradation of NOM in ecosystems
with marked seasonality of rainfall could be on a par with
microbial respiration. The contribution of photochemical
degradation of NOM vs. biotic degradation is often difficult to
quantify since these two processes occur simultaneously in
most ecosystems, and many of the products of these reactions
(e.g., CO2) are identical. Nevertheless, there is increasing confi-
dence that, particularly in semiarid ecosystems, the unex-
plained high rates of decomposition that occur may be directly
related to carbon loss through exposure to solar UV and visible
radiation.58,62

In addition to the photochemical degradation of lignin and
other light-absorbing organic compounds of plant litter,
exposure of plant litter to UV and short-wavelength visible radi-
ation can facilitate biological degradation of NOM in terrestrial
ecosystems40,63–66 (also see ref. 2). In dryland ecosystems, mod-
elling of photochemical and photofacilitated degradation of
NOM demonstrates substantial contributions to carbon turn-
over in terrestrial ecosystems.54 The suggested role of photofa-
cilitation is increased microbial access to labile carbohydrates
in litter following photochemical degradation of lignin40 (see
ref. 2 for a more detailed review). Thus, through the effects of
photofacilitation, solar UV and visible radiation play a major
role in carbon turnover in a wide range of mesic (moist) terres-
trial ecosystems.40

3.2 Land-use change and photodegradation

Changes in land-use continue to be one of the major factors
affecting terrestrial ecosystems around the globe. Future con-
version of ecosystems for agricultural use, particularly in South
America and sub-Saharan Africa,67 extraction of wood and
other products, or planting of exotic species for potential
carbon mitigation, will all place pressure on soils and carbon
reservoirs in terrestrial ecosystems.68 The effects of these
changes on photodegradation of NOM have not been con-
sidered as of yet, but could have important consequences for
carbon cycling at regional and global scales. Afforestation, the
planting of woody vegetation in areas that were previously
dominated by herbaceous vegetation, can have surprising
effects on carbon turnover. In a comparison of paired sites
with pine plantations and natural counterparts of grassland
and steppes, afforestation caused more than a 60% reduction
of the decomposition of litter in arid zones.43 Moreover, the
relationship between the decomposition of litter in the paired
afforested and natural vegetation was largely explained by
differences in the interception of solar radiation before it
reached the surface of the soil.43 These results suggest that
conversions due to agriculture, deforestation, and afforestation
could have large impacts, positive or negative, on carbon
cycling via changes in the interception of solar UV and visible
radiation.

Climate change due to human activity has been documen-
ted worldwide and is of growing concern due to its impacts on
the functioning of natural ecosystems. In this context, two
important global changes in terrestrial ecosystems, droughts
and wildfires, are of relevance to the photodegradation of
plant litter. Due to the reduction of plant cover, which
enhances exposure of plant litter to solar radiation,43 photo-
chemical degradation of NOM tends to increase under con-
ditions of drought or extreme aridity.69,70 In addition, photo-
facilitation can play an important role in arid ecosystems since
this process stimulates microbial break-down of plant
litter.40,64,71 In summary, an important impact of global
warming on terrestrial ecosystems is increased exposure to
solar UV radiation of previously unexposed NOM. This is due
to decreased plant cover and reduced interception of solar
radiation. Thawing of permafrost soils and combustion of
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aboveground vegetation can also result in increased exposure
of NOM to solar UV and visible radiation (see the following
section).

3.3 Role of global change on photodegradation of tDOM and
POM in fresh and coastal waters

In this section, we assess the effects of UV and visible radi-
ation, as well as global change, on the emission of CO2 and
CO from fresh and coastal waters via degradation of tDOM.
NOM produced by plants moves from land to water in particu-
late and dissolved form (POM and tDOM, respectively) (see
Fig. 2). Most of the terrestrial carbon flushed from land to
water is in the form of tDOM72 and, thus, most studies have
focused on the photodegradation of tDOM. However, photode-
gradation of POM is now recognised as important, especially
in coastal waters, and we highlight some recent work in this
area (section 3.3.2). Loss of the cryosphere is a major global
change that enhances the exposure of tDOM to UV and visible
radiation (discussed in section 3.3.3).

3.3.1 Photodegradation of tDOM in fresh and coastal
waters. To balance terrestrial carbon budgets, the degradation
of tDOM in aquatic systems must be accounted for.73–75

Studies published within the last five years have challenged
the understanding that microbial decomposition of tDOM was
much more important than photodegradation of tDOM. For
example, current estimates are that 10–30% of the CO2

released from Arctic and boreal waters comes via photodegra-
dation of tDOM.35,55,57 Given that freshwaters account for 40%
of the net exchange of carbon between land and the atmo-
sphere in the Arctic,76 CO2 released from freshwaters via
photodegradation of tDOM is important in regional and global
carbon budgets. More research related to photodegradation of
tDOM in freshwaters is needed since in North American and
European freshwaters, concentrations of tDOM have been
increasing, a trend called “browning”, which indicates
increased inputs of light-absorbing tDOM.77 The causes of
browning are currently under debate and may vary by region
(also see ref. 5).

tDOM is exported into coastal waters largely by rivers.
Flooding of riparian zones due to heavy precipitation events
results in increased export of tDOM into marine environ-
ments.78 Decades of research have documented the impor-
tance of photodegradation of tDOM to CO2 and CO once this
organic matter is exported from rivers to the coastal ocean
(reviewed in ref. 6 and 42). For example, estimates are that
from 3–40% of tDOM exported to coastal waters from rivers
can be converted to CO2 and CO within months to a few
years.42 Photodegradation of tDOM to CO2 in the ocean has
been estimated to offset the net air–sea flux of CO2 by about
8–28%.56

Enhanced runoff also increases the supply of nutrients, for
example iron, to phytoplankton. Its availability to phytoplank-
ton is affected by solar UV radiation,79 and by the interactions
with other global changes such as acidification of aquatic
ecosystems.79–81 While iron is an important micronutrient for
phytoplankton (see ref. 5), it can also catalyse the photochemi-

cal degradation of tDOM (section 3.3.3). Hence, enhanced
export of iron from land to water could enhance uptake of CO2

via primary production but also release of CO2 via photodegra-
dation of tDOM. The balance between uptake and release of
CO2 at coastal interfaces depends on complex interactions.82

Based on air–sea CO2 flux measurements, Laruelle and coau-
thors83 found that the global coastal ocean is a much smaller
sink of CO2 (∼0.2 Pg C per year) than was previously thought,
and that many coastal regions are net sources of CO2.

In addition to photodegradation of tDOM to CO2 and CO,
∼70% of tDOM is partially photodegraded (i.e., altered in
chemical composition) by sunlight during riverine transit to
the Arctic Ocean.35 This partial degradation of tDOM by UV
radiation can facilitate or slow microbial respiration of tDOM
to CO2.

51 It has been known for a long time that photodegrada-
tion of tDOM breaks down large biomolecules like lignin into
smaller, simpler compounds that microbes use for energy with
the production of CO2 (see above and Fig. 3). Hence photofaci-
litation also plays an important role in aquatic ecosystems and
supports aquatic food-webs (also see ref. 5). What is less well-
known, and a focus of current research, is how important this
photofacilitation process is for the cycling of carbon in fresh-
waters in a quantitative way. Although currently poorly quanti-
fied, the effect of photochemical degradation of tDOM on its
conversion to CO2 by microbes is probably substantial given
that studies show that microbial respiration of tDOM to CO2

can be increased or decreased by more than two-fold after
tDOM has been degraded by UV and visible radiation.84

3.3.2 Photodissolution of POM in fresh and coastal waters.
Both tDOM and POM enter aquatic ecosystems when soil
organic matter runs off from land to water (Fig. 2). In sunlit
surface waters, POM can be altered by photochemical reactions
(photodissolution) to yield dissolved organic matter85,86 (i.e.,
tDOM that can undergo further photodegradation), CO2 and
CO87 (Fig. 3). The photodissolution of POM to tDOM can also
occur via indirect photoreactions, involving OH.88 In contrast
to photodissolution of POM of distinct terrestrial origin, more
work has focused on photodissolution of resuspended estuar-
ine sediment and POM in coastal waters.85,89–91 POM from
resuspended sediment in coastal waters likely reflects a
mixture of sinking particles from different sources of NOM.
These sources include terrestrially-derived POM exported from
rivers to coastal waters as well as autochthonously-derived
POM produced from algal and bacterial detritus.90,92–94

Studies have shown that production of DOM via photodissolu-
tion of POM from resuspended sediments resulted in fluxes of
DOM that were larger than benthic and riverine fluxes of DOM
to coastal waters.85 Others have suggested that 5–15% of POM
could undergo photodissolution before settling in coastal
waters.95 However, a review highlighted the lack of quantitative
information on the contribution of photodissolution of POM
to carbon cycling and fluxes of carbon to and from coastal
waters.42 Quantifying photodissolution of POM requires an
integration of environmental factors including the turbidity of
the water column (which controls the UV and visible light
exposure of POM) and the apparent quantum yields of photo-
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dissolution of POM to products,89 as well as separating out
contributions from biological decomposition. These sunlight-
induced changes in the rates of photodissolution of POM have
consequences for the biogeochemical cycling of POM in
aquatic ecosystems including the transfer of POM into bottom
sediments.

3.3.3 Warming of and loss of the cryosphere generally
increases the likelihood that terrestrial dissolved organic
matter will be degraded by UV and visible radiation. It is now
recognised that photodegradation of tDOM can account for a
substantial fraction of the total CO2 released from Arctic
surface waters. Currently, photodegradation may contribute
30% of the CO2 emitted from the water column of Arctic
waters,35 which is important because these waters account for
40% of the net atmosphere–land exchange of carbon.76 For
example, thawing of permafrost soils in Arctic and boreal
regions is predicted to increase export of tDOM to inland and
coastal waters.96,97 tDOM of permafrost origin (i.e., previously
frozen organic matter) contains less light-absorbing CDOM on
a per carbon basis, compared to tDOM draining from the
actively thawed soil layers at high latitudes.51,98,99 This implies
lower rates of absorption of UV radiation and thus lower rates
of photodegradation in the water column.100,101 However,
lower CDOM content of permafrost tDOM is offset by higher
apparent quantum yields of the photochemical reactions that
result in the formation of CO2, CO, and organic compounds
that strongly facilitate microbial respiration.57,84,102,103 Thus,
increasing export of permafrost tDOM from land to water likely
means that photodegradation of tDOM may become an even
more important source of CO2 from inland waters of the
Arctic.103

Another reason why photodegradation of tDOM will con-
tinue to be important in a warming Arctic is because the
export of light-absorbing tDOM from land to water and the
time of exposure of tDOM to UV radiation in sunlit waters, are
dependent on the hydrology of the watershed. Every year
during spring in the Arctic (i.e., May–June), snow melt on land
flushes tDOM from soils to rivers, ponds, and lakes, resulting
in an annual peak in the concentration of light-absorbing
tDOM in sunlit surface waters.104–106 During this period of ice
and snow melt, and flooding on land, the storage of river
water in lakes and on floodplains can be substantial, e.g., up
to approximately 50% of the flow of Mackenzie River in the
Canadian Arctic can be stored on the floodplain during this
time.107 Retention of Mackenzie River water stored on the
floodplain during spring snowmelt and floods increases the
time that tDOM is exposed to UV radiation. This is because the
timing of snowmelt and spring floods coincides with times of
peak solar irradiation in the Arctic. The longer the time tDOM
is exposed to UV radiation, the more this carbon can be photo-
degraded to CO2 and CO. In addition, during spring floods,
river water is spread in a thin layer (∼2 m thick) across an area
more than 11 000 km2 in size,107 which also increases opportu-
nities for tDOM in the water to be photodegraded. This effect
of river flooding on annual greenhouse gas production
through photodegradation of tDOM in Arctic waters is not cur-

rently accounted for in regional carbon budgets.107 This would
be important, given that snowmelt and spring flooding may be
happening earlier due to warming.

Warming at high latitudes is accelerating melting of ice on
rivers, ponds, and lakes and of snow on land; furthermore, it
also changes the timing of the melt. For example, melting of
ice and snow on water108 and land109 are occurring earlier in
the Arctic spring. Earlier retreat of ice and snow has increased
the number of days tDOM on inundated land or in water is
exposed to UV radiation on average by one day per year from
2000–2013 across the Arctic. Some areas of the Arctic show a
faster trend in loss of ice and snow.110 Earlier melt of ice and
snow on freshwaters and land in May and June means more
overlap with the time of the year when the sun angle is at its
highest (and thus, UV radiation reaching the surface is most
intense in the Arctic), and when concentrations of light-
absorbing tDOM are also at their highest of the year.104,106

Thus, this earlier melt of ice and snow on water and land in
the Arctic can substantially increase photodegradation of
tDOM to CO2 and CO35 by increasing the time this carbon is
exposed to UV radiation.

Other changes in Arctic and boreal hydrology influence the
duration of exposure of tDOM to UV radiation. These changes
include an increase or decrease in the number and surface
areas of small ponds, depending on the regions of the Arctic
and boreal zones,111–113 as well as changes in the connectivity
of lakes in Greenland.114 In addition, increased turbidity of
freshwaters from thawing of permafrost115 could decrease
exposure of tDOM to UV radiation. Any change in the exposure
of tDOM to UV radiation in lakes and ponds may affect photo-
degradation of tDOM to greenhouse gases.101,114

The intensity and frequency of droughts and wildfires are
increasing worldwide as a result of changes in climate and
land-use,9,77,116–119 and in the southern hemisphere, this is
being further enhanced by the effect of ozone depletion on
climate (see ref. 2). In the Arctic, the current and projected
increases in wildfires in boreal forests and Arctic tundra,120,121

could have multiple consequences for boreal and Arctic ecosys-
tems as wildfires are sources of greenhouse gases (including
CO2, CO, and CH4), and of volatile hydrocarbons to the atmo-
sphere.122,123 Increasing frequency and extent of fires in the
Arctic tundra120 could influence photodegradation of tDOM in
several ways. Fires in the Arctic tundra and boreal forest have
been shown to transform tDOM into compounds called black
carbon124 (also see ref. 5), particularly at high fire tempera-
tures (>600–700 °C).125 Black carbon is a component of tDOM
with higher extinction coefficients (where extinction coeffi-
cients reflect the absorption properties of components) and
thus higher susceptibility to photodegradation.124,126 Wildfires
also affect the thawing of permafrost soils; the loss of perma-
frost with warming after fire has been linked to reduction of
the insulating surface organic layer.127 For example, up to
0.5 m of settlement was observed during thaws after recent
fires in Alaska, causing impoundment of water and further
thawing of permafrost.127 Another effect of wildfires is the
decrease in UV and visible radiation reaching the surface of
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aquatic systems because of the generation of short-lived aero-
sols that act as cloud-condensation nuclei.77 As a consequence,
rates of tDOM photodegradation may decrease. Widespread
wildfires in Alaska have resulted in substantially lower UV and
visible light in the Alaskan Arctic for the few days in the
summer when rivers and lakes are ice-free and otherwise
exposed to sunlight. Thus, the fire-related decrease in solar UV
and visible radiation reaching the water surface could offset
the warming related loss of snow and ice that increase
exposure of tDOM to UV radiation. However, at present, no
study has investigated the effect of fire on UV radiation reach-
ing Arctic or boreal surface waters.

Finally, there is some indication that thawing permafrost
may increase the export of iron to Arctic and boreal inland
waters (Fig. 4),128 a trend recently reported for North American
and European surface waters.129 Increased concentrations of
iron in sunlit surface waters may enhance photodegradation of
tDOM via various mechanisms,79 for example, by increasing
the rates of light-absorption by tDOM,130 by producing reactive
oxygen species (ROS) that degrade tDOM,47 and by catalysing
other reactions that photodegrade tDOM.103,131 For example,
Page and co-workers47 concluded that degradation of tDOM by
ROS, produced in UV-induced iron cycling, could account for
5–10% of the CO2 formed from photodegradation of tDOM in
Arctic waters.

4 Natural emissions of trace gases
that contribute to global warming and
affect atmospheric ozone

Several gases released from terrestrial and aquatic ecosystems,
or from the surface of the cryosphere, contribute to global
warming and changes in stratospheric ozone concentrations.

Some of these gases are highly reactive in the troposphere and
in the stratosphere. The following sections discuss the for-
mation and environmental significance of CO, CH4, and nitro-
gen- and halogen-containing trace gases.

4.1 Carbon monoxide

Carbon monoxide is a gas that plays an important role in tro-
pospheric chemistry by contributing to the formation of ozone
and by greatly impacting the concentration of OH (also see ref.
21). On a regional scale, CO participates in gas-phase reactions
that control local concentrations of ozone and peroxides. On a
global scale, CO competes with atmospheric CH4 for OH,132

thus decreasing the atmospheric capacity to oxidise CH4, and
indirectly affecting the lifetime of this important greenhouse
gas. Although CO itself only weakly absorbs infrared radiation
from the Earth, the cumulative indirect radiative forcing of CO,
taking into account its effects on the components CO2, CH4,
and O3, may be even larger than that of the third most impor-
tant greenhouse gas, N2O.

133

Major sources of CO include direct production from
burning of fossil fuels and biomass, e.g. wildfires, and tropo-
spheric oxidation of hydrocarbons.134 Emissions of CO from
both terrestrial and aquatic ecosystems are a balance between
production, which has light-dependent and light-independent
mechanisms, and microbial processes that consume CO.
Consumption of CO typically exceeds production at night,
while photochemical production becomes dominant during
daylight. The resulting significant diurnal variations in CO
fluxes have been confirmed in both terrestrial6,135 and aquatic
systems.42

Additional studies since our last assessment have con-
firmed that the production of CO in the ocean and freshwaters
occurs primarily via photodegradation of CDOM (section 3).
Photodissolution of POM to CDOM also contributes to the for-
mation of CO6,42,56,87,136 (section 3.3.2 and Fig. 3). The
measured average ratio of CO2/CO is close to 20 in marine
systems and somewhat lower in freshwaters.6 In terrestrial eco-
systems, it is well-established that photodegradation of plant
litter from a variety of species yields CO, in addition to CO2

(e.g., ref. 6 and 135; and section 3.1). Emissions of CO can be
enhanced by fires, not just during the fire itself137 but also in
the longer term, since charring transforms organic matter into
a broad spectrum of organic constituents (including black
carbon), which can emit CO and other gaseous products via
photodegradation125,126 (section 3.3.3).

Given these mechanisms, the production of CO is likely to
be affected by various elements of environmental change, for
example, by increased inputs of CDOM into aquatic systems
(see also ref. 5), and increased aridity in terrestrial systems
(section 3.1 and ref. 2). In aquatic ecosystems, the concen-
trations of CDOM and POM may be increased by floods.
Photoproduction of CO from POM may be as important as that
from CDOM, depending on the season.87 The ratio of the appar-
ent quantum yield of CO photoproduction from POM and
CDOM, ΦCO-POM/ΦCO-CDOM, has been shown to increase from
UV to visible radiation.87 On the balance of evidence, these

Fig. 4 The red colour in the Saviukviayak River (Alaskan Arctic) is due to
high concentrations of iron flushed from land to water. Once in the
sunlit river, iron plays a role in photochemical reactions. Photo credit:
R. M. Cory.
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environmental changes are likely to increase the production of
CO by solar radiation but the magnitude of this increase
remains unclear, especially relative to changes in other pro-
cesses that affect the production and consumption of CO.

4.2 Methane

UV-induced production of methane (CH4) from plant material
discussed in previous assessments is no longer considered to
be a significant source of CH4.

3 Nonetheless, we consider CH4

briefly here because it is not only a potent greenhouse gas but
it also indirectly impacts stratospheric ozone. In the Executive
Summary of the Scientific Assessment of Ozone Depletion:
2018 33 it is stated: “Outside the Antarctic, CO2, CH4, and N2O
will be the main drivers of stratospheric ozone changes in the
second half of the 21st century, assuming full compliance with
the Montreal Protocol”. In order to predict trends in strato-
spheric ozone, it is, therefore, important to assess biogeo-
chemical sources of methane, as well as its atmospheric loss-
processes.20,138

The contribution of CH4 to radiative forcing is about half of
that of CO2 if indirect effects of CH4 emission, such as the pro-
duction of stratospheric water vapour, also are taken into
account.133 The global atmospheric concentrations of CH4

have been increasing in the past three to four decades at
various rates. The present net growth rate of CH4 is about 5–10
ppb per year and is higher than it has been for the past 20
years.18,139 Approximately 60% of global emissions of CH4

were anthropogenic in the decade 2003–2012 18,19 through
agriculture, waste, and fossil fuel extraction and use. Over the
industrial era, concentrations of atmospheric CH4 rose from
about 720 ppb before industrialisation to over 1850 ppb in
2017.140 Methane is also formed via biogeochemical processes
and sources of CH4 may vary seasonally. For example, in the
winter, concentrations of CH4 in the Arctic troposphere are
mainly controlled by anthropogenic emissions including
sources from Russian fossil fuel industries, whereas, in the
summer, emissions from wetland and freshwater sources dom-
inate across the whole region.141 In the atmosphere, OH is the
most important sink of CH4 (85% or more18) (also see ref. 21).

The most important natural sources of CH4 are wetlands,
particularly tropical wetlands.139,142–145 Emissions of methane
from tropical wetlands contribute 60–80% of global emissions
from natural wetlands.145 Emissions of CH4 from tropical wet-
lands are primarily affected by increasing temperatures since
the rate of CH4 production by methanogenic bacteria increases
with increasing temperature,146,147 which represents a positive
feedback on global warming. Zhang and coworkers144 have
estimated that, depending on scenarios, feedbacks via emis-
sions of CH4 by wetlands could add an additional radiative
forcing of 0.04 W m−2 to 0.19 W m−2 to the global mean by the
end of the 21st century. In boreal wetlands, emissions of CH4

are also enhanced during thawing of inundated areas during
the cold season (December to May).144

Other natural sources of CH4 include wildfires and biomass
burning,122,123 fresh waters (lakes and rivers),141,148 oxygen
minimum zones (OMZs) of marine environments,149 and

thawing of permafrost soils.148 These sources of CH4 are also
affected by climate change, and by depletion of Antarctic
ozone (see ref. 2). OMZs are increasing because of increasing
sea-surface temperature due to global warming and hence
reduced O2 solubility is occurring. In OMZs, methanogenic
bacteria are the main source of CH4.

149

Global warming is also increasing emissions of CH4 from
permafrost soils owing to the increasing thaw of permafrost
(section 3.3.3). Release of CH4 from permafrost is moderated
by methanotrophs, which oxidise 20–60% of this methane
before emission to the atmosphere.150 The area of thermokarst
lakes in the Arctic has expanded over the past 60 years.148 The
rate of emission of CH4 from these areas was found to be
directly proportional to the amount of soil-derived organic
carbon entering the lakes because of the erosion of thawing
permafrost.148 In summer, emissions of CH4 from freshwater
systems have been estimated to represent between 11% and
26% of total emissions from the Arctic.141 Release of CH4 has
also been shown to occur from the Arctic seabed where DOM
and CH4 are preserved within and beneath the subsea perma-
frost.151 Hence, emissions of CH4 from thawing permafrost
soils might fuel a positive feedback process that further
reinforces global warming and thawing of permafrost. Effects
of CH4 emissions on future trends in stratospheric ozone
depend on regions. Outside the polar regions, the cooling of
the stratosphere by water vapor formed via oxidation of CH4 is
expected to result in an increase in total column ozone, while
inside the polar regions, increases in stratospheric water vapor
favours the formation of polar stratospheric clouds, which
facilitate ozone depletion in polar spring152 (see ref. 1).

4.3 Nitrogen compounds

The effects of climate change and solar UV radiation on the
production of three gases containing nitrogen are
assessed here: on nitrous oxide (N2O), and on nitrogen oxides
(NOx = NO + NO2).

4.3.1 Nitrous oxide. Nitrous oxide is an important green-
house gas and its oxidation is the dominant source of strato-
spheric NOx, which affects the concentrations of stratospheric
ozone through the formation of reactive chlorine reservoirs
and other stratospheric processes (see ref. 1). The contribution
of N2O to radiative forcing of climate between 1750 and 2011
was approximately 10% of that of CO2 (based on estimated
changes in concentration).133

In terrestrial ecosystems, N2 and N2O can be formed by UV-
and microbially-mediated processes. On soil surfaces that are
exposed to solar UV radiation, increased microbial transform-
ations, causing release of N2 and N2O from decomposing
litter, have been reported in modelling153 and empirical
studies.70,154 It is likely that the increased availability of carbo-
hydrates from photochemical degradation of lignin may facili-
tate the process of mineralisation of nitrogen-containing
natural organic matter by microbes. Emission of N2O via
microbial processes increases with temperature and heavy pre-
cipitation events.155 The reasons are increased water-filled
pore space and faster consumption of O2 via respiration and
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thus a larger anaerobic volume soil fraction.155 In addition,
thawing of permafrost soils is an important source of
N2O.

156–158 Rates of emissions of N2O per unit area from per-
mafrost peatlands in the Arctic were found to be of similar
magnitude as those from tropical forest soils, the largest
global N2O source from terrestrial ecosystems.156,157 Natural
emissions of N2O from land are similar to N2O emissions from
anthropogenic activities (mainly agriculture).138

In the ocean, N2O is formed via two pathways, depending
on the oxygen concentration.159,160 One pathway of formation
of N2O is via nitrification, i.e., microbial oxidation of ammonia
(NH4

+) to nitrate (NO3
−), where N2O is an intermediate

product. This biotic formation of N2O involves ammonia-oxi-
dising bacteria and/or Archaea, depending on the salinity of
marine environments.161 Nitrification occurs nearly every-
where in the global ocean, where natural organic matter from
phytoplankton debris is mineralised, releasing NH4

+. Hence,
marine production of N2O via nitrification depends on the
rates of primary production and re-mineralisation.159,160 In the
sunlit zone of the ocean, NH4

+ can also be formed via UV-
induced transformation of organic nitrogen-containing com-
pounds from phytoplankton debris.42,162

The second pathway of formation of N2O in marine environ-
ments is de-nitrification; this process occurs in OMZs where
concentrations of dissolved O2 fall below ∼160 μg L−1.160,163

Emissions of N2O via de-nitrification are predicted to increase
due to expanding OMZs as a result of global warming and
resultant decreased O2 solubility.160 The trend in emission of
N2O from the global ocean depends on the balance between
nitrification and de-nitrification. Based on a global ocean bio-
geochemical model, Martinez-Rey and coworkers160 predicted
a decrease of 4–12% in emissions of N2O from 2005 to 2100
from the global ocean due to decreasing primary and export
production, and reduced transport of N2O from the ocean
interior to the ocean surface. On the other hand, emissions of
N2O from land are likely to increase, in part due to more fre-
quent and longer lasting heavy precipitation events and
enhanced thawing of permafrost in the Arctic.156–158

4.3.2 Nitrogen oxides. The abiotic pathway of NOx for-
mation from soil and snow surfaces is photolysis of NO3

−

driven by solar UV radiation.164–166 In snow, rates of photolysis
of NO3

− increased with the concentrations of sea salt (NaCl)166

and, due to the attenuation of the incoming UV radiation,
decreased with the depth of snow.165 Hence enhanced snow-
melt (section 3.3.3) and thus increased exposure of NO3

− to
solar UV radiation could result in increased emissions of NOx

from snow surfaces. In addition to the UV-induced pathway,
NO is produced in soils by microbial nitrification or denitrifi-
cation, depending on environmental factors such as oxygen-
and water-content, temperature, and pH of the soil.167 In the
troposphere, NOx controls the formation of ground-level ozone
and OH, the latter being critically important to the self-clean-
ing ability of the atmosphere (also see ref. 21). Furthermore,
reactions of NO2 with OH (during the day) and with O3 (during
the night) yield nitric acid (HNO3), which undergoes wet depo-
sition and contributes to acid rain.168

4.4 Halogen compounds

Interactive effects of solar UV radiation and climate change
play an important role in the production and emission of
halogen compounds other than CFCs. These “natural”
halogen compounds are formed via UV-induced and microbial
processes in seawater and on the surface of the cryosphere and
are precursors of reactive halogen species that affect tropo-
spheric and stratospheric chemistry. Among the “natural”
halocarbons, very short-lived halogenated substances (VSLSs)
are important trace gases for stratospheric ozone
chemistry.86,169–172 They may reach the lowermost strato-
sphere, where they are photochemically transformed into reac-
tive halogen species that act as sinks for ozone. VSLSs may
account for ∼25% of stratospheric bromine and a few per cent
of stratospheric chlorine.169

In seawater, precursors of reactive halogen species are
formed in UV-induced and biological processes. The methyl
halides, CH3Br, CH3Cl, and CH3I, are produced through indir-
ect photochemical reactions involving OH.173,174 On the other
hand, very short-lived brominated halocarbons (BrVSLS), e.g.,
bromoform (CHBr3), are formed via biotic processes.86,169–171

CHBr3 and dibromomethane CH2Br2 are the major BrVSLS
(with tropospheric lifetimes of <6 months) and account for
∼80% of the very short-lived organic bromine in the marine
boundary layer.86 The rate of formation of CHBr3 via bromo-
peroxidase-mediated halogenation of DOM depends on the
chemical composition of DOM. Humic acid enhanced the
enzyme-mediated production of CHBr3, but amino acids and
lignin suppressed production86 (Fig. 5). Ozone depletion
potential (ODP)-weighted emissions of CHBr3 (global mean,
simulated for 2005) were estimated to account for up to 50%
of ODP-weighted anthropogenic emissions of CFC-11.172

Furthermore, results from simulations suggested that, in 2011,

Fig. 5 Schematic illustration of the formation of halocarbons in seawater
that undergo UV-induced reactions in the troposphere yielding reactive
halogen species such as bromine monoxide (BrO) that act as oxidants for
atmospheric pollutants, e.g., gaseous elementary mercury (Hg0g).
Brominated very-short-lived substances (BrVSLS) may reach the lower-
most stratosphere and participate in stratospheric ozone depletion.
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depletion of stratospheric ozone from BrVSLS had a radiative
effect that was nearly half that from long-lived halocarbons.169

The question arises, whether emissions of BrVSLS from
natural sources are one reason for the findings that ozone in
the lower stratosphere between 60° S and 60° N has continued
to decline since 1998.175

The extent to which halocarbons reach the lowermost stra-
tosphere depends on their lifetime, and in turn on the concen-
tration of OH in the troposphere, at least for those halocar-
bons that react with OH, e.g., CH2Br2. Rex and coworkers176

found a coincidence of an “OH minimum zone” over the West
Pacific and a relatively long lifetime of CH2Br2. Inside the “OH
minimum zone” the lifetime of CH2Br2 was 188 days at
500 hPa, whereas outside this zone, the CH2Br2 lifetime was
only 55 days.

In the troposphere, reactive halogen species react with
other trace gases such as nitrogen oxides (NOx),

177,178 methane
(CH4),

177 ozone,86,178 and with mercury.178–180 Hence reactive
halogen species affect the lifetime of tropospheric pollutants.
Reaction of Br with O3 is thought to be responsible for the
episodic decline in the concentrations of ozone to near-zero
levels in the lower troposphere over the Arctic, following the
boreal springtime polar sunrise.181 An important pathway for
the formation of Br and Cl in the troposphere is photolysis of
molecular chlorine and bromine (Cl2 and Br2, respectively).
This process has been shown to occur in the interstitial air of
Arctic surface snowpack.178,181

Bromine monoxide (BrO) is the main atmospheric oxidant
of gaseous, elemental mercury (GEM, Hg0g), which is emitted
by human activities.179 Oxidation of GEM by BrO yields HgII,
which is water soluble and, therefore, available for wet depo-
sition.180 In the marine boundary layer of the Southern Ocean,
GEM concentrations ranged from 0.4 to 1.9 ng m−3 in austral
summer.182 Following deposition to aquatic and terrestrial
ecosystems, HgII undergoes methylation yielding methyl-
mercury (MeHg), the form of mercury that enters the food web
and is highly toxic (Fig. 5, also see ref. 5).

5 Effects of stratospheric ozone and
climate change on UV-induced
transformations of contaminants

The previous two sections describe how changes in solar radi-
ation affect carbon cycling and emissions of trace gases, bio-
geochemical processes that have environmental consequences
across large geographical and temporal scales. In this section,
we consider effects of solar radiation on biogeochemical pro-
cesses that, while often more localised, may have more direct
consequences for the health of humans and other organisms
by altering the environmental fate of toxic chemicals and other
contaminants. Many processes that drive carbon cycling, such
as reactions involving ROS (Fig. 3), also apply to contaminants.
In addition, human activities that occur simultaneously with
contaminant release, such as runoff of nitrogen fertilisers,

animal or human wastewaters, and oil spills, contribute photo-
sensitising substances that accelerate photoreactions of con-
taminants. Contaminants are diverse in their origins and may
be commercially-produced chemicals intentionally or acciden-
tally released into the environment (section 5.1.1, and ref. 5,
21 and 36). In other cases, such as toxins produced by blue-
green algae (cyanobacteria), the toxins are a natural com-
ponent of ecosystems, but their abundance is increasing
because of human activities (section 5.1.2). Contaminants are
also highly diverse in their chemistry and responses to solar
radiation. UV-B exposure induces direct photoreactions of a
wide array of chemical contaminants and initiates free radical
processes that oxidise plastics and other commercial products
(hence the widespread practice of adding UV-protective
substances to prolong lifetimes of plastic (see ref. 36)). Direct
photoreactions initiated by the absorption of UV-B radiation
by endogenous chromophores may also be the primary mecha-
nism of photodamage in many organisms, for example some
pathogenic viruses.183 For other contaminants, photodamage
may involve a much greater element of indirect damage
induced by photosensitisers such as CDOM and driven by
UV-A and visible wavelengths (400–700 nm) as well as UV-B
wavelengths.

The degradation of contaminants in aquatic ecosystems
will be assessed although solar UV and visible radiation also
plays an important role in the phototransformation of con-
taminants in the troposphere (see ref. 21) and on surfaces
(e.g., on leaves of plants and surfaces of soils).184,185 Modelling
of the fate of contaminants, including both direct and indirect
photoreactions, will be evaluated. Contaminant modelling has
primarily focused on the aquatic environment, although
photoreactions are important reactions that determine the fate
of contaminants such as pesticides in terrestrial ecosystems.

5.1 Degradation of contaminants via direct and indirect
photoreactions

Direct photoreactions (Chart 1) are the simplest mechanisms
for photodegradation of contaminants. The rate of photolysis
of a contaminant is directly proportional to its concentration;
that is, the reaction is described by a first order rate
expression. In indirect photoreactions (Chart 2), it is not a con-
taminant itself that absorbs solar radiation but a photosensiti-
ser. In aquatic ecosystems, important photosensitisers are
CDOM, nitrate, and iron compounds (Fig. 6). Absorption of

Chart 1 Direct photoreaction.

Perspective Photochemical & Photobiological Sciences

758 | Photochem. Photobiol. Sci., 2019, 18, 747–774 This journal is © The Royal Society of Chemistry and Owner Societies 2019



solar radiation by a photosensitiser and subsequent reactions
produce reactive transients (i.e., short-lived reactive species).
These include triplet CDOM (3CDOM*) as well as reactive
oxygen species (ROS) such as the hydroxyl radical (OH), super-
oxide (O2

•−), hydrogen peroxide (H2O2), and singlet oxygen
(1O2) (Fig. 3). These reactive transient species react with a
contaminant to form one or more products (Chart 2).

CDOM plays a double role in the photodegradation of con-
taminants. On the one hand, CDOM acts as a photosensitiser
for contaminants that are degraded or inactivated via indirect
photoreactions. On the other hand, CDOM protects contami-
nants that undergo direct photodegradation from UV-B radi-
ation (Fig. 6). Increasing runoff of CDOM due to thawing of
permafrost, and heavy precipitation events, so-called browning
of aquatic ecosystems17 (see ref. 5), is likely to enhance indirect
photoreactions via several mechanisms. Production of reactive
transient species with CDOM acting as the photosensitiser
partly offsets the decreases in direct photodegradation rates

caused by concurrent protection against UV radiation. Another
effect of CDOM acting as the photosensitiser is to shift the
photodegradation of contaminants to a greater dependence on
UV-A radiation, which penetrates to greater depths in the water
column, and hence to a greater dependence on the dynamics
of vertical mixing. Droughts would have the opposite effect,
i.e., direct photoreactions driven by UV-B radiation would be
expected to be predominant because of decreased runoff and
thus smaller CDOM concentrations in aquatic ecosystems.

The predicted decline in UV-B radiation in many areas of
the Earth due to recovery of stratospheric ozone (see ref. 1) is
expected to reduce the rate of direct photodegradation or
photoinactivation since light-absorbing contaminants are par-
ticularly susceptible to being broken down by UV-B radiation.
One key indicator of the dependence of photoprocesses on
UV-B radiation is its radiation amplification factor (RAF, see
ref. 186). RAFs were originally developed as a measure of the
sensitivity of a photoprocess to stratospheric ozone
depletion.186 Since they depend on the balance between the
effects of shorter (UV-B) and longer wavelengths, with higher
RAFs indicating a greater dependence on UV-B radiation, they
have much wider application. RAFs for endogenous inacti-
vation of some coliphages187 (viruses used as indicators of bio-
logical contamination) are similar to the RAF (1.0–1.1) for the
UV index (UVI) used to quantify damaging UV radiation in
human skin (see ref. 1). The RAFs for direct photodegradation
of chemical contaminants can be of the same order. The RAFs
for indirect photoprocesses involving CDOM are typically
much smaller (∼0.3) than for the UVI, reflecting the greater
role of longer wavelength radiation than that of direct photo-
damage. However, some indirect processes involving inorganic
sensitisers in natural waters can be closer to the UVI RAF, for
example the RAF for nitrate-sensitised indirect processes is
∼0.6. These different wavelength responses, reflected in this

Chart 2 Indirect photoreaction.

Fig. 6 Schematic illustrating processes that affect photoreactions of contaminants in aquatic environments. The two main pathways, direct and
indirect photoreactions, are described in Charts 1 and 2 above.
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range of RAFs, mean that the balance between different
mechanisms contributing to photochemical changes is
expected to vary with multiple elements of global change.

Examples of the extensive work on interactions of UV radi-
ation with chemical and biological contaminants are provided
in Table 1, which shows the broad scope of effects that solar
UV radiation has on contaminants and that both direct and
indirect photoreactions drive the degradation of contaminants.
The examples are subdivided according to their susceptibility
to direct or indirect photoreactions. However, for many con-
taminants, both direct and indirect processes are involved, e.g.
photoreactions of the lampricides, TFM and niclosa-
mide.188,189 In the last four years there has been a growing
realisation of the importance of indirect photoreactions in the
environment. This change in perception has partly stemmed
from more studies focusing on this photoprocess but also
because future projections suggest that the indirect mecha-
nism for degradation of contaminants will increase with
environmental change. Triplet state intermediates of CDOM
often mediate indirect photoreactions.190 Recent research has
shown that chemicals such as “persistent organic pollutants”,
thought once to be resistant to biodegradation and photode-
gradation, can be transformed by indirect pathways.190–192

Indirect photoreactions are often initiated by CDOM, but in-
organic substances such as nitrate, hydrogen peroxide, and
iron/peroxides (photo-Fenton) can also sensitise photoreac-
tions.193 The pathway of phototransformation of contaminants
(via direct and/or indirect photoreactions) may influence the
“toxicity” of byproducts formed in these photochemical pro-
cesses. For example, antibiotics usually undergo indirect
photoreactions (see Table 1). In general, indirect photochemi-
cal transformations preserve the basic chemical structure or

backbone of an antibiotic, which means that many of the by-
products of phototransformation have similar antibacterial
properties to the original antibiotics. As a consequence, bac-
terial resistance of antibiotics could be extended from the
point where they enter aquatic ecosystems to coastal areas.194

5.1.1 Organic contaminants, nanomaterials, microplastics,
and oil spills. Organic contaminants are man-made chemicals
including pesticides, pharmaceuticals, household and indus-
trial products, fuels and other petrochemicals, nanomaterials,
and microplastics. In some cases, exposure to UV
radiation partially transforms contaminants to more toxic
substances, e.g., conversion of graphene oxide to polycyclic
hydrocarbons.195

Engineered nanomaterials (ENMs) are commonly incorpor-
ated as fillers in composites with plastics to improve their
mechanical properties, conductivity, thermal stability, flame
retardancy and other properties. Some of the resulting plastic
nanocomposites are quite stable and likely to be very persist-
ent in the environment. UV-initiated photoreactions play a key
role in the release of nanomaterials from polymer composites
by inducing weathering of the plastic matrix. The degradation
of the polymer matrix is particularly important in this
release.196,197 Exposure to UV radiation also plays a role in the
weathering of macroplastics to microplastics (1 nm to 5 mm in
size), which are widespread contaminants of freshwaters and
oceans198 (also see ref. 36). Although plastic nanocomposites
have not been shown to similarly form nano-containing micro-
plastics, it is likely that the more persistent nanocomposites
may be transported and transformed in a similar fashion. Two
papers199,200 have provided overviews of chemical additives
present in plastics, including their migration, release, fate and
environmental impact during use, disposal, and recycling.

Table 1 Schematic showing examples of contaminants that are transformed via direct and/or indirect photochemical reactions (photoreactions).
Changes in UV radiation, linked to changes in stratospheric ozone, as well as climate, modulate the balance between direct and indirect
photoreactions

Direct photoreactions Both Indirect photoreactions

Photosensitive pesticides. UV-B induced, direct
photoreactions dominate. UV-absorbing films can
be used to reduce rates of photodegradation.3,207

Organophosphoro-thionate pesticides.
Fenitrothion undergoes direct photodegradation
while diazinon is degraded by the indirect,
nitrate-sensitised pathway.191

POPsa, PBDEsa, and other biorefractory
chemicals. Susceptible to indirect
photoreactions.78,123,158

Carbonyl compounds (especially aromatic
ketones). Absorb in the UV-B region; triplet states
participate in H-atom abstraction and electron
transfer and also initiate indirect
photoreactions.123

Antibiotics. Direct pathway is dominant for
Cipro and indirect pathway for others.111

Antibiotics. Indirect pathway is usually
dominant.111,123

Lampricide. Direct and indirect photoreactions
influence fate.119,120

Nanosilver. CDOM-sensitised
photoreactions reduce ionic silver to
nanosilver.88

Graphene oxide. See ref. 88 and 89.
UV filters. Only indirect photoreactions
are important.164Oil spills. Combination of indirect and direct

photodegradation at surfaces, coupled with
photofacilitated biodegradation.82,205

Microplastics. Are produced by indirect
photoreactions7 (also see ref. 6).

Pathogenic bacteria, viruses, and protozoans.
Undergo direct (endogenous) and indirect
(exogenous) photoinactivation133 (see Fig. 8).

a PPPs, persistent organic pollutants; PBDEs, polybrominated diphenyl ethers.
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Oil spills result in accumulation of contamination on the
water surface where full exposure to solar UV radiation occurs.
One example was the Deepwater Horizon oil spill of 2010
where extensive amounts of oil floated on the surface of the
Gulf of Mexico for over 100 days. Recent evidence201 has
demonstrated that photo-oxidation by sunlight largely
accounted for the oxidation of the surface oil (Fig. 7) but it was
not possible to fully assess the chemical composition and toxi-
city of the photo-oxidised residues of the oil spill. However,
their study, coupled with another study202 showed that photo-
oxidation of the oil and its partially-oxidised residues on beach
sands photo-facilitated its microbial degradation by increasing
the carbonyl content (Fig. 7), another previously overlooked
effect of photo-oxidation on dissipation of oil spills.

5.1.2 Harmful algal blooms and other biological contami-
nants. Eutrophication of freshwater and coastal ecosystems
causes harmful algal blooms, particularly with cyanobacteria,
which are a pervasive global threat to ecosystems and human
health. In large temperate lakes, harmful algal blooms are often
dominated by Microcystis species that produce potent neurotox-
ins, threaten drinking water supplies, and stimulate autotrophic
carbon production and subsequent hypoxia. In recent years,
Lake Erie has experienced two of the largest recorded blooms in
its history. In 2011, 2013, 2014, and in 2015 elevated concen-
trations of the neurotoxin microcystins shut down the drinking
water supply to nearly a half million people.203

Key drivers such as temperature and nutrients alone or
together do not fully explain patterns of the occurrence or toxi-
city of harmful algal blooms (e.g., ref. 204). Recently, it has
been suggested that photochemical processes driven by CDOM
may mitigate the toxicity of harmful algal blooms.205 On the

one hand, hydrogen peroxide (H2O2) produced by photochemi-
cal reactions of CDOM may be less damaging to toxic strains of
Microcystis than non-toxic strains.206,207 Recent work has shown
that high concentrations of H2O2 in Lake Erie are associated
with toxic strains of Microcystis, while non-toxic strains were
dominant when H2O2 concentrations were lower.208,209 On the
other hand, photochemical reactions of CDOM may promote
the degradation of algal toxins.210 Understanding the balance of
these light-mediated effects of CDOM on Microcystis and its
toxins is important because concentrations of dissolved organic
matter (and thus CDOM) are increasing in North American and
European freshwaters17 (see ref. 5).

Harmful algal blooms are not the only health-related micro-
organisms strongly affected by exposure to solar radiation.
Exposure to solar UV radiation in the environment inactivates
or kills many viruses, bacteria and other microbes that cause
water-borne diseases in humans and other animals183 (also
see ref. 5 and 211). As with chemical contaminants (Table 1),
pathogenic micro-organisms may be damaged by direct and/or
indirect photoreactions, also referred to as endogenous and
exogenous inactivation, respectively.183 Recent advances in the
understanding and modelling of microbial responses to solar
radiation17,183 provide a broad conceptual framework for asses-
sing the responses of contaminants to sunlight, and how
those responses may alter given expected changes in strato-
spheric ozone, climate and other components of global
change (section 5.3).

5.2 Modelling of photodegradation or photoinactivation of
contaminants

Advances in modelling approaches are allowing improved
quantification of the effects of global changes on the fate of
synthetic and biological contaminants. Modelling is also used
to assist with the design of treatment processes that rely on
solar disinfection. Many contaminants are degraded via both
direct and indirect photoreactions (Table 1). An important
metric for characterizing the fate of contaminants is their half-
life (t1

2
, i.e., the time taken for degradation to half of the initial

concentration) in a given environmental system. This half-life
is calculated from eqn (1),

t1
2
¼ ln2=ktot ð1Þ

where ktot is the first-order rate constant of photodegradation or
photoinactivation of contaminants and can be modelled includ-
ing both direct and indirect photoreactions (ktot = kdir + kindir).

5.2.1 Modelling of direct photoreactions. The first-order
rate constant of direct photochemical reactions, kdir, depends
on the specific rate of light absorption by the contaminant, ka,
as well as on the reaction quantum yield (Φ) (eqn (2)).

kdir ¼ ka � Φ ð2Þ
The quantum yield is the fraction of absorbed light that

results in photoreaction. The specific rate of light absorption,
ka, is a measure of the spectral overlap of the solar spectral
irradiance and the absorption spectrum of the contaminant

Fig. 7 As oil is increasingly exposed to sunlight, its carbonyl content (Δ)
increases, indicative of partial photo-oxidation of hydrocarbons in the
oil to form oxidised organic compounds. This change in chemical com-
position of the oil decreases its chemical dispersion (■) (without much
change in its natural dispersion (●)). See ref. 51 for more information
(reproduced with permission of the American Chemical Society (ACS)
from Fig. 1 of ref. 201, https://pubs.acs.org/doi/abs/10.1021%2Facs.
estlett.8b00084. Permission related to the material excerpted should be
directed to the ACS).

Photochemical & Photobiological Sciences Perspective

This journal is © The Royal Society of Chemistry and Owner Societies 2019 Photochem. Photobiol. Sci., 2019, 18, 747–774 | 761



and is sensitive to changes in the absorption spectra of the
contaminants, climate, and stratospheric ozone. The reasons
for this sensitivity are that solar spectral irradiance that strikes
the surface of a water body, particularly in the UV-B range,
depends on concentrations of stratospheric ozone as well as
on cloud cover and concentrations and composition of aero-
sols. Decreased atmospheric ozone in recent decades will have
tended to increase rates of UV-B-induced photoreactions of
contaminant, primarily direct photoreactions of the type
described in the left column of Table 1. As the stratospheric
ozone layer recovers (see ref. 1), UV-B radiation will decline in
many areas. Assuming this effect would be approximated by
estimated changes in UVI, as seems reasonable given the rele-
vant RAFs, this change in ozone would reduce these UV-B
photoreactions by up to 5–15%. The effect of stratospheric
ozone recovery would be much smaller for indirect photoreac-
tions, given their smaller RAFs.

As discussed above, CDOM is the main light-absorbing
compound in many aquatic ecosystems. Therefore, ka depends
not only on the extinction coefficient (absorption properties)
of a considered contaminant but also on the concentration
and absorption properties of CDOM and of all other light-
absorbing materials present in a water body, including POM.
Hence the specific rate of light absorption by a contaminant,
ka, and thus the first-order rate constant of a direct photoche-
mical reaction decreases exponentially with increasing depth
of a water body, and with increasing concentration and absorp-
tion of solar radiation by CDOM and other light-absorbing
components contained in aquatic ecosystems. Simulations of
photodegradation of contaminants via direct photoreactions
require estimates of the solar spectral irradiance, principally
the UV irradiance that strikes the surface of a water body.
Mathematical models have been developed to quantify photo-
lysis of contaminants in different aquatic environments and at
different solar zenith angles (a function of latitude, time of
year and time of day).183,187,212–214

5.2.2 Modelling of indirect photoreactions. The first-order
rate constant of indirect photochemical reactions, kindir,
depends on the steady-state concentration of a reactive transi-
ent species ([RTi]ss) and on the second-order rate constant of
reaction of a reactive transient species with a contaminant (ki).
The photochemical production of reactive transients involving
photosensitisers occurs far into the UV-A and visible region. In
aquatic ecosystems, many reactive transients are present and,
therefore, indirect photoreactions of contaminants have been
quantified by summing individual rate expressions for reaction
of a contaminant with each of several reactive transients pro-
duced by sunlight in the water (eqn (3)).

kindir ¼
X

ki½RTi�ss ð3Þ

The assessment of kindir requires experiments that define
the second-order rate constant, ki, for reaction of the contami-
nant with each transient. An alternative approach is to use
action spectra, i.e., weighting functions, in the calculations of
second-order rate constants.183,187,214–217 The use of action

spectra has been employed mainly to estimate second-order
rate constants for biological contaminants. The steady-state
concentrations of transients, [RTi]ss, can be directly
measured195,215,218–220 or simulated.212,213

5.3 A conceptual framework for assessing changes in the
photo-biogeochemistry of contaminants in response to
changes in stratospheric ozone and other components of
global change

As noted in the Introduction, future changes in exposure to
solar UV radiation are likely to be affected not just by changes
in stratospheric ozone but by other factors including cloud,
aerosols, surface reflectivity coupled with ice/snow loss (see
ref. 1), and changes in the concentration of CDOM in water
bodies17 (see ref. 5). While changes in stratospheric ozone pre-
ferentially affect UV-B radiation, changes in these other factors
will also affect UV-A radiation, and even wavelengths greater
than 400 nm (see ref. 1). These more heterogeneous changes
will affect rates of photochemical processes as well as the
balance between direct and indirect photochemistry. The con-
centration of CDOM in a water body is critical. On the one
hand, by attenuating solar radiation, particularly UV radiation,
CDOM protects synthetic and biological contaminants that
undergo direct photoreactions. On the other hand, CDOM acts
as a photosensitiser and, therefore, enables indirect photoreac-
tions. Thus, the balance between different mechanisms by
which contaminants are transformed or inactivated depends
on their susceptibility to direct or indirect photoreactions
(Table 1), on the depth in a water body, and on environmental
factors such as the concentration and absorption properties of
CDOM. These potentially complex interactions have been con-
sidered in a case study.183 This study investigated the role of
sunlight in the inactivation of two different viruses at different
depths in a water column containing CDOM, which acted as
an exogenous photosensitiser in indirect photoinactivation.
They modelled the total rate constant, ktot, of photoinactiva-
tion as the sum of three mechanisms

(i) Light-independent (dark) mechanisms
(ii) Direct light-dependent mechanisms
(iii) Indirect light-dependent mechanisms
They compared the effect of depth in the water column on

ktot of photoinactivation of two viruses, poliovirus, and the
phage MS2, using the model parameters from ref. 221 for a
wetland during the month of June in Northern California.
Poliovirus undergoes mainly direct photoinactivation, whereas
MS2 is mainly inactivated by photosensitised processes (green
and brown areas, respectively, in the right panel of Fig. 8).

At the surface of clear water, ktot of photoinactivation of
poliovirus is 20 times greater than ktot of MS2 photoinactiva-
tion (right panel in Fig. 8). By contrast, at the surface of simu-
lated wetland water containing CDOM, ktot of poliovirus photo-
inactivation is only 2.5 times greater than ktot of MS2 photoi-
nactivation (left panel in Fig. 8). This contrast is due to CDOM
acting as a photosensitiser in the simulated wetland water and
hence ktot of MS2 photoinactivation is greater than in water
without CDOM. At 5 cm depth in water containing CDOM, ktot
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for MS2 is greater than in clear water since MS2 is mainly sus-
ceptible to indirect photoinactivation, whereas ktot for polio-
virus is smaller than in clear water, due to the attenuation of
UV-B radiation by CDOM. At depths greater than 11 cm, MS2
receives greater photodamage than poliovirus (left panel in
Fig. 8) since kendo decreases more strongly with depth than
kexo. This phenomenon is due to the fast attenuation of the
damaging solar UV-B radiation with depth, while deeper pene-
trating longer wavelengths are involved in the photoproduction
of reactive transients, and hence indirect photoinactivation.
This is also shown in the right panel of Fig. 8, where ktot for
MS2 is greater than ktot for poliovirus at 20 cm depth. If the
water column containing CDOM would be well mixed to about
50 cm deep, ktot averaged over the full depth of the column
would be approximately equal for MS2 and poliovirus.

The complex interplay of direct and indirect mechanisms
with different wavelength dependencies, absorption properties
of any dissolved or suspended material, and the extent of
mixing can lead to patterns of photodamage not evident from
the responses of organisms measured in clear water, including
measurements made under typical laboratory conditions.
Since indirect photoreactions mediated by CDOM are affected
by wavelengths well into the UV-A and visible region they have
much lower sensitivity to changes in ozone and much deeper
penetration into water bodies in general. Considering the large
effect of CDOM on the inactivation rate constants even with a
change of a few cm in depth, we hypothesise that ozone-
related changes are much smaller than changes caused by
CDOM, even for direct photodegradation. Hence, increases in

runoff of CDOM, so-called browning,77 could affect contami-
nant degradation rates much more substantially in the future
than the small changes projected for ozone increases.
Conversely, decreases in CDOM related to drought and
reduced runoff could result in much larger increases in UV-
related contaminant photodegradation than observed or pro-
jected ozone changes. Results similar to poliovirus can be
demonstrated for direct photoinactivation of coliphage
phiX174 by solar UV-B radiation in beach waters of the Great
Lakes; like poliovirus, phiX174 photoreacts predominately by
the UV-B-induced direct mechanism.187

Given the parallels in the balance of direct and indirect
photoprocesses between micro-organisms and chemical con-
taminants (Table 1), we suggest that the results shown in
Fig. 8 can be generalised to include chemical contaminants.
For example, photoreaction of the antibiotic ciprofloxin pro-
ceeds exclusively by UV-B-induced direct photoreaction, and so
its responses may be close to those of poliovirus, whereas
other antibiotics photoreact by indirect pathways mediated by
CDOM, and so are closer to MS2.222 Likewise, UV-B radiation
induces direct photoreaction of the organophosphorus insecti-
cide fenitrothion but diazinon, another organophosphorus
insecticide, photoreacts in natural waters by indirect mecha-
nisms that are induced through UV-B radiation absorbed by
nitrate ions in the water.193 In this case, the prediction is
that fenitrothion will respond to factors such as the con-
centration of CDOM and the depth in the water column,
similar to the response of poliovirus, while diazinon is
expected to be more similar to MS2. The latter findings
show that not only CDOM but also inorganic compounds such
as nitrate can act as photosensitisers, and in many environ-
ments the two may occur together. If nitrate as a photo-
sensitiser had been included in the scenario modelled in
Fig. 8, then ktot of photoinactivation of MS2 would have been
greater at the surface of the simulated water body but would
have dropped off more sharply than shown in Fig. 8, i.e., the
dependence on depth of ktot for MS2 would be closer to that
for poliovirus.

The new modelling techniques as shown in the example
above are providing useful insights into the most important
mechanisms for contaminant photoreactions and dependence
of the rates of these processes on changes in time, location,
water depth, and stratospheric ozone concentrations. Other
examples apply to chemical contaminants. Photoreactions of
contaminants have been modelled in boreal lakes to provide
comprehensive maps of indirect and direct photoreactions
over a large geographic region of Sweden.219 In the case of
indirect photoreactions, recent and projected future changes
in “browning” of the lakes are creating unfavourable environ-
ments for indirect photoreactions mediated by OH and car-
bonate radical anions but increasingly favourable environ-
ments for indirect photoreactions involving CDOM triplet
states and singlet oxygen. Another modelling study of ocean
water in Terra Nova Bay, Antarctica, indicated that two sample
contaminants, the solar filter, benzophenone-3, and anti-
microbial agent, triclosan, would have photochemical half-

Fig. 8 Modelled depth dependence of the rate constant ktot of photoi-
nactivation of MS2 coliphage and poliovirus in a water body with the
same optical properties and exogenous photosensitiser concentrations as
observed in a simulated open water wetland.183 The term “clear water”
indicates that ktot was computed assuming water at the surface with no
light attenuation or sensitisation by coloured dissolved organic matter
(CDOM). kendo and kexo are the first-order rate constants for direct and
indirect photoinactivation, respectively. The circles in the right panel rep-
resent ktot and include both direct (green) and indirect (brown) photoi-
nactivation (ktot = kendo + kexo). The abbreviations “endo” and “exo” refer
to the light-absorbing compounds, i.e., biological molecules inside the
viruses and CDOM outside the viruses, respectively (reproduced with per-
mission of the Royal Society of Chemistry from Fig. 10 of ref. 183).
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lives of less than a few days during the Antarctic summer due
to indirect photoreactions primarily mediated by CDOM triplet
states.215 Other modelling studies in four Alpine lakes of
Europe predict that indirect photoreactions in the lakes may
be significantly altered by future changes in water alkalinity
and dissolved organic carbon caused by climate change.223

6 Feedbacks on global warming that
are mediated by UV and visible radiation

The effects of changes in ozone and climate on biogeochem-
ical cycles that are mediated by solar UV and visible radiation
have the potential to drive feedbacks to global warming
(Fig. 9), although critical gaps in knowledge (section 7) make it
difficult to quantify the magnitude of any such feedbacks.
Droughts can increase exposure of dead plant material (litter)
to solar radiation due to the reduction in plant cover. Hence
the photochemical decomposition of litter can be accelerated,
yielding increased emissions of CO2 to the atmosphere and
organic compounds that can be more easily degraded by
microorganisms (photofacilitation), increasing microbial res-
piration. Wildfires, because of droughts, are direct sources of
CO2 and other greenhouse gases, particularly CH4. In addition,

wildfires transform NOM into compounds that are more sus-
ceptible to photodegradation, which increases the release of
CO2. Wildfires also enhance the thawing of permafrost soils.
Extreme precipitation events (storms in Fig. 9) and thawing of
permafrost soils enhance the flow of soil organic matter from
land to fresh and coastal waters and hence the exposure to
solar radiation of particulate and dissolved organic matter
from soils (POM and tDOM, respectively). In aquatic ecosys-
tems, POM and tDOM undergo photodegradation in similar
ways as in terrestrial ecosystems yielding CO2 and other pro-
ducts, where photofacilitation plays an important role. The net
results of the interactive effects of UV and visible radiation and
climate change on carbon cycling are a reduction of carbon
storage in soils, and an increased release of CO2 into the atmo-
sphere, which reinforces climate change (positive feedback).

Climate-change related increases in emissions of green-
house gases other than CO2 may also cause positive feedbacks
on global warming. Photodegradation of tDOM not only yields
CO2 but also CO and other products. CO competes with CH4

for OH, where reaction of CH4 with OH is the major sink of
CH4 in the troposphere. Thus, CO emission from tDOM photo-
degradation might fuel a positive feedback on global warming
via a longer lifetime of CH4, an important GHG, in the tropo-
sphere. Thawing of permafrost soils due to global warming
also enhances emissions of N2O, another important GHG.
Thus, emissions of N2O from permafrost soils might fuel a
positive feedback by reinforcing thawing of permafrost soils.

7 Major advances and gaps in
knowledge

As highlighted in the previous sections, there is increasing
awareness that a wide range of biogeochemical processes that
are mediated by solar radiation, and so liable to be influenced
by changes in stratospheric ozone, may interact with effects of
climate change such as the loss of the cryosphere, droughts,
and extreme precipitation events. These effects enhance the
exposure of NOM to solar radiation and thus the likelihood for
photodegradation. The processes involved in the photodegra-
dation of NOM are now better understood and include direct
and indirect photoreactions, as well as photofacilitation.

Gaps in knowledge relating to carbon cycling include (1)
the net effect of land-use change (including conversions due
to agriculture, deforestation, and afforestation) on the photo-
degradation of plant litter, (2) the role of reactive oxygen
species (ROS) and iron in the photodegradation of tDOM in
aquatic ecosystems, (3) the relative importance of ROS vs. pro-
ducts of tDOM photodegradation on subsequent microbial res-
piration, (4) the timescales of tDOM photodegradation relative
to water residence times and inputs of “fresh” tDOM from
land, (5) how rates of tDOM photodegradation will be affected
by changes in the ratio of UV and visible radiation reaching
surface waters due to changes in ice cover on lakes, cloud
cover, wildfire, or changes in stratospheric ozone. Modelling
approaches as discussed in section 5.3 for contaminants would

Fig. 9 Interactive effects of solar radiation and climate change on the flow
of natural organic matter (NOM) from soils into aquatic ecosystems (rivers,
lakes, coastal waters), and on the photodegradation of NOM on land and in
water. Key to symbols: black arrows indicate interactions between changes
in stratospheric ozone, solar UV radiation, and climate and their effects on
changes on land (permafrost thawing, storms, droughts, (wild)-fires) that
influence the flow of soil organic matter from land to water. Dashed arrows
indicate direct effects of solar UV radiation on decomposer organisms (see
ref. 2 and 5). Purple arrows indicate the effects of solar UV and visible radi-
ation on the degradation of soil and litter in terrestrial ecosystems and of
particulate organic matter (POM) and terrestrial dissolved organic matter
(tDOM) in aquatic ecosystems. Green arrows refer to the process of photo-
facilitation. Brown arrows indicate the flow of carbon from terrestrial to
aquatic ecosystems. Red arrows indicate the release of carbon dioxide
(CO2) from terrestrial and aquatic ecosystems to the atmosphere and the
feedback on climate change. The symbols + and − indicate an enhanced or
reduced effect on a change, flow or process.
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greatly help to advance our understanding on these outstanding
issues. However, the use of such models is constrained for
many biogeochemical processes due to the lack of necessary
model inputs. Such inputs might include, for example, a well-
defined action spectrum and/or well quantified relationships
between the rate of a process and the irradiance or dose of
weighted radiation. The progress made in modelling contami-
nants (see below) provides some encouragement that such gaps
could be filled for a wider range of biogeochemical processes.

As for CO2, effects of climate change may also affect rates of
CO production via photodegradation of tDOM (section 4.1)
and thus tropospheric concentrations of CH4, since CO com-
petes with CH4 for OH. CH4 and N2O are greenhouse gases
with indirect or direct impacts on stratospheric ozone. Another
group of trace gases that affect stratospheric ozone are the bro-
minated very-short-lived substances (BrVSLS). Gaps in knowl-
edge regarding trace gases are: (1) the ratio of CO2/CO formed
via photodegradation of tDOM on a regional and global scale,
(2) the reason for the leveling off of tropospheric CH4 concen-
trations between 1999–2006, (3) the role of UV and visible radi-
ation in facilitating microbial mineralisation of nitrogen-
containing NOM in terrestrial and aquatic ecosystems and
thus the release of N2O, (4) future N2O emissions from
terrestrial and aquatic ecosystems on a global scale, (5) the
contribution of BrVSLS emissions from natural sources to
ozone depletion in the lower stratosphere.

Since the last Quadrennial Assessment, major advances
have been made regarding the biogeochemical cycling of con-
taminants. Advanced modelling tools as described in section
5.3 have enabled half-lives of contaminants in a given aquatic
environment to be predicted for contaminants that are
degraded via both direct and indirect photochemical reactions.
Gaps in knowledge are: (1) the role of POM in the degradation
of contaminants via direct and indirect photoreactions, (2)
three-dimensional models that can be used to predict changes
in CDOM concentrations and UV radiation, (3) models that
can be used to predict UV-induced degradation of contami-
nants in terrestrial ecosystems, (4) the way in which half-lives
of contaminants in a given aquatic ecosystem change with
time due to bleaching of CDOM. As noted above, this rapid
progress made with contaminants provides an exemplar and
stimulus to develop equally powerful modelling approaches to
quantify the role of light-driven processes in large-scale bio-
geochemistry, above all the carbon cycle.
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