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Abstract
Coastal wetland ecosystems and biodiversity are susceptible to changes in salinity brought about by the local effects of climate
change, meteorological extremes, coastal evolution and human intervention. This study investigates changes in the salinity of
surface water and the associated impacts on back-barrier wetlands as a result of breaching of a barrier beach and under the
compound action of different surge heights, accelerated sea-level rise (SLR), river discharge and rainfall. We show that barrier
breaching can have significant effects in terms of vegetation die-back even without the occurrence of large storm surges or in the
absence of SLR, and that rainfall alone is unlikely to be sufficient tomitigate increased salinity due to direct tidal flushing. Results
demonstrate that an increase in sea level corresponding to the RCP8.5 scenario for year 2100 causes a greater impact in terms of
reedbed loss than storm surges up to 2 m with no SLR. In mitigation of the consequent changes in wetland ecology, regulation of
relatively small and continuous river discharge can be regarded as a strategy for the management of coastal back-barrier wetland
habitats and for the maintenance of brackish ecosystems. As such, this study provides a tool for scoping the potential impacts of
storms, climate change and alternative management strategies on existing wetland habitats and species.
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Introduction

Wetlands are commonly found along low energy coastal en-
vironments, and provide important ecosystem services and
economic benefits (e.g., Gedan et al. 2009, 2011; Ndebele
and Forgie 2017; Li et al. 2018). The resilience of these coastal
ecosystems under a changing climate is uncertain, as they are
under pressure from accelerated sea-level rise (SLR) and

changes in the frequency and/or magnitude of storms (e.g.
Leonardi and Fagherazzi 2014; Chambers et al. 2016;
Leonardi et al. 2017). Indeed, a recent study shows a high
probability for salt marsh retreat under projected future sea-
level rise (Horton et al. 2018), whilst Leonardi et al. (2017)
stresses the critical importance of storms in determining the
long-term response. Depending on the region, and various
environmental factors, predicted wetland loss by the end of
the century has been estimated to be around 0 to 50% (Gilman
et al. 2006; McFadden et al. 2007; Alongi 2008; Kirwan et al.
2016). This is likely to be an underestimate given that sea-
level rise over this century could double previous projections
(Grinsted et al. 2015; Bamber et al. 2019). Further, financial
resource limitations may require a move from ‘hold the line’
to ‘no active intervention’ or ‘managed realignment’ options
(Esteves and Williams 2017) for coastal management which
can potentially impact back-barrier wetlands and habitats
(Rupp-Armstrong and Nicholls 2007; Friess et al. 2014;
Brady and Boda 2017). Notable managed realignment
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examples in the UK include Tollesbury (Garbutt et al. 2006),
Freiston (Friess et al. 2014), Hesketh Marsh (Tovey et al.
2009), and Medmerry (Dale et al. 2017, 2018).

Coastal wetlands can be significantly affected by increases
in water levels through the following three major ways: in-
creased inundation period, increased surface erosion and salt-
water intrusion (Blankespoor et al. 2014). Although increased
flooding can potentially aid the survival of wetlands through
promoting sedimentation and biomass growth (e.g. Kirwan
et al. 2016; Schieder et al. 2018), changes in the extent and
duration of marine inundation can cause die-back of the less
salt tolerant species, and landward migration of vegetation
types that are more resilient to increased hydroperiod
(Donnelly and Bertness 2001). Changes in high water levels
as a consequence of storm surges or SLR are thus linked to
potential changes in biodiversity (e.g. Field et al. 2016;
Kirwan et al. 2016). Indeed, increased salinity due to higher
sea levels has been causing land degradation in many coastal
areas worldwide, compromising food production and fresh-
water availability (e.g. Milliman et al. 1989; Craft et al.
2009; Lovelock et al. 2015). In the UK, for instance, land
degradation as a consequence of storm surges is becoming a
pressing issue. The Environment Agency has estimated that
432,000 ha of agricultural land with a capital value of over
£132 billion are potentially at risk from surge-driven coastal
flooding (Halcrow Group Ltd et al. 2001).

Unlike SLR, which is a gradual and long-lasting change in
water levels, storm events are more unpredictable and short-
lived, and changes caused by storm events can be more dra-
matic in the short term due to their high-energy nature (e.g.
Gable et al. 1990; Walker 1991; Orr and Ogden 1992; Duever
et al. 1994). Apart from damage associated with physical
stresses (e.g. uprooting), storms can increase the salinity of
inland water, hence causing changes in physicochemical prop-
erties of wetland soil; the combination of which will then alter
the metabolic functions responsible for plant productivity
(DeLaune et al. 1987; Michener et al. 1997; McKee et al.
2016).

By regulating their respiration rate, plants are generally
able to adjust themselves to soil conditions, or influence soil
conditions in their favour (Sternberg et al. 2007). For instance,
plants that have low salinity tolerance can down-regulate
evapotranspiration during dry season to maintain low soil sa-
linity. Therefore, a small disturbance that changes the soil
conditions by just a small amount can be offset through adap-
tation by the local vegetation. For a disturbance to cause veg-
etation die-back or a regime shift, the event has to cause
changes in environmental conditions that exceed certain
threshold criteria in terms of strength and/or duration of the
impact on the system (Jiang et al. 2014). When the severity of
the event, e.g. surge height or duration of flooding, is such that
threshold criteria are exceeded, a shift in nature, size and dis-
tribution of plant communities across coastal wetlands is

likely to occur (DeLaune et al. 1987; Teh et al. 2008;
Chambers et al. 2016).

Storm events can also cause morphological changes along
the coastline which can potentially further exacerbate stressors
connected to increased salinity. For instance, processes such
as chronic coastal erosion, the breaching of sand dunes and
barrier beaches due to over-wash, or the degradation of coastal
protection structures will cause a landward migration of the
flood limit, enhancing the risk for inland ecosystems. This is
especially important for those cases where management strat-
egies follow the ‘no active intervention’ approach, and for
which newly-formed breaching or erosion are a long-lasting
condition (Rangel-Buitrago et al. 2018). Indeed, this is also
relevant to sites where managed realignment is a likely future
option for coastal management, and where the re-
establishment of perimarine wetlands has the potential to con-
tribute to sustainable and diverse coastal economies (Plater
and Kirby 2006).

This research models potential changes in the salinity of
surface water in the back-barrier, brackish wetlands of RSPB
Minsmere Nature Reserve (see Study Area), as a case study, in
response to combinations of SLR, coastal storms and fresh-
water inflow following breaching of the barrier beach. Here,
we focus on the salinity of the standing water ‘post-breach’, as
determined by tidal rise and fall through the breach, tributary
river discharge and local rainfall but excluding the influence
of groundwater input and seawater seepage through the coast-
al barrier. Attention is given to the exceedance of threshold
salinity criteria necessary for local vegetation die-back.

Study Area

The Minsmere Nature Reserve, located on the coastline of
Eastern England, UK (Fig. 1), is a site of international signif-
icance for the richness of its coastal wetlands. It supports a
mix of coastal habitats including intertidal salt marshes, tidal
flats and sand dunes (EA 2009). The reserve is a low-lying
area with four national conservation priorities: reedbeds
(mainly Phragmites australis, established in most of the area
north to the Minsmere New Cut), lowland wet grassland
(prevalent in the area south of the New Cut where the ground
is higher), shingle vegetation and lowland heath. The reserve
provides natural habitats for a wide range of wildlife species,
such as marsh harriers, Dartford warblers, bitterns, otters, wa-
ter voles, red deer etc. In addition to the importance related to
ecological services, this part of the coastline also hosts nation-
ally important energy infrastructure in the shape of the
Sizewell nuclear power station complex, which has been iden-
tified as a site for the next generation of nuclear new build.
The area thus represents an excellent test case that is represen-
tative of other back-barrier wetland sites of national and inter-
national significance, particularly in addressing management
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priorities that are set in the context of national infrastructure
and habitat action plans, and international frameworks for the
conservation of rare and protected species and for the mainte-
nance of biodiversity and ecosystem services. In this respect,
Minsmere Reserve is part of the Minsmere–Walberswick
Heaths and Marshes Site of Special Scientific Interest
(SSSI), Special Area of Conservation (SAC), Special
Protection Area (SPA) and Ramsar site. The site is also includ-
ed in the areas covered by the Suffolk Heritage Coast and the
Suffolk Coast and Heaths Area of Outstanding Natural Beauty
(AONB).

At Minsmere, the present sea defences include a line of
natural and modified sand dunes and sand and gravel ridges
spanning the coastline (Fig. 1). The dunes and barrier beach,
which are formed of sands and gravels transported alongshore
from erosion of the Pliocene and Pleistocene cliffs further
north (Brooks et al. 2012), overlie a sequence of unconsoli-
dated Holocene and early Pleistocene sediments that extend
beneath the Minsmere wetland (Hamilton et al. 2019). The
general character of the coastline has been one of southward
sediment transport alongside landward recession due to post-
glacial sea-level rise, although recent work has shown little
evidence of regionally coherent forcing at either centennial
(post-1880s) or intra-decadal (post-1990s) timescales
(Burningham and French 2017). Prior to the early Middle
Ages, the study area was an open estuary formed as a result
of early to mid-Holocene flooding of low level river valleys
but was cut off from the sea and enclosed by a coastal barrier

in the eighteenth century (Pye and Blott 2006). A secondary
clay embankment also runs along the back of the dunes in the
northern part of the study site (EA 2009; Prime et al. 2015).
According to the UK Environment Agency (EA), the long-
term stability of these defences is significantly threated by
coastal erosion processes, particularly to the north of the
RSPB Reserve. For instance, the northern end of the defences
was breached due to tidal surges in November 2006 and 2007,
leading to flooding of the area between the dunes and the
secondary clay embankment (EA 2009). Hence, a cross bank
(Coney Hill Cross Bank in Fig. 1) was built to isolate the
northern part of the site from any flooding from the sea.
Within the wetland area, a complex network of ditches has
been created and maintained to manage water levels through
controlled drainage by a manual sluice located midway along
the coast (Fig. 1). However, given the projected SLR and costs
associated with the maintenance of the sluice and the barrier
beach, sustained management of freshwater habitats in
Minsmere is not a sustainable long-term option (Pye and
Blott 2006). Indeed, the ShorelineManagement Plan priorities
for the 20, 50 and 100 years epochs are currently identified as
‘managed realignment’, with the exception of the short section
of barrier beach are the north of the site which has a ‘no active
intervention’ policy in place for the 100 year epoch (see
Sizewell case study at: https://arcoes-dst.liverpool.ac.uk/).

Managed realignment of the Minsmere shoreline will have
significant impacts on the freshwater reedbed environments
that currently characterize much of this back-barrier wetland.

Fig. 1 Geographic location of the
case study site – RSPB
Minsmere. The inset shows the
geographical coverage of a larger
scale model from which the open
boundary data is extracted.
Figure also shows terrain height
of the site with respect to mean
sea level. Labelled points repre-
sent locations where modelled
surface water salinity is sampled
for discussion associated with
Figs. S1–4. Along the New Cut,
c1 is located at the barrier breach;
c2 is 1.5 km away from the
breach; c3 is 2.7 km away from
the breach; and c4 is 3.7 km away
from the breach. Locations on the
northern and southern sides of the
New Cut are labelled n1, n2 and
s1, s2 respectively
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Research has previously established the tolerance of
P. australis to salinity (e.g. Ranwell 1964; Roman et al.
1984; Matoh et al. 1988; Robbins et al. 1991; Hellings and
Gallagher 1992). It has been found that the tolerance varies
depending on the location and growth stage of the plant. For
example, while adult plants of the high salinity tolerant US
clone can survive at salinities near 65 psu, the juvenile plants
may die at 35 psu (Engloner 2009). On the other hand, the salt
tolerance of P. australis in Europe has been found to vary
between 5 and 25 psu. In the current investigation, following
Lissner and Schierup (1997) and Hellings and Gallagher
(1992), we assume a die-back of P. australis when salinity is
above 22.5 psu for a continuous period of 42 days.
Consequently, this modelling approach for scoping the poten-
tial impacts of barrier breaching on reedbed habitats, whether
an intended consequence of management or an unintended
result of climate change and/or storms, provides important
information for shaping present actions and future decisions
regarding the site.

Model Set-up

With a single breach located in the barrier beach, the study
area takes the form of an estuary that features shallow water
depth and two-dimensional horizontal circulation and mixing
(e.g. hydrodynamic class E estuary in Hume et al. 2007).
Here, the shallow water depth enhances the importance of
wind-driven mixing, hence limiting the development of strat-
ification through the water column. The two-dimensional
(2DH) mode of the numerical model Delft3D (Delft
Hydraulics 2014) was therefore used to compute the hydrody-
namics and salinity of theMinsmere wetlands. The calculation
of salinity is based on the classic advection-diffusion equation
(Delft Hydraulics 2014). The computational domain and ter-
rain height with respect to mean sea level for the study area are
presented in Fig. 1. The terrain height of the model is obtained
from the combination of two datasets: bathymetric data
downloaded from EDINA DIGIMAP for the open sea and
LiDAR data (DTM Composite England 2 m; tile references
are given in the supplementary material) provided by the
Environment Agency for the wetland regions. Vertical
Offshore Reference Frame (VORF) corrections provided by
the UKHydrographic Office have been applied to adjust these
two datasets to Mean Sea Level (MSL). Resolution of the
model grid varies from 30 m in the nearshore to 10 m in the
wetland. The model has two open boundaries: the east bound-
ary (OB1 in Fig. 1) is placed ~ 1.2 km offshore in the open sea
and the west boundary (OB2 in Fig. 1) is located ~ 4.0 km
inland. The east boundary is driven by data extracted from a
calibrated larger scale model (Leonardi and Plater 2017) cov-
ering the coastline of South East England (see larger model
domain denoted in Fig. 1 inset). Validation of the model

described herein, however, is not carried out due to lack of
available data.

An input of freshwater discharge ranging from 3 to 9 m3/s
has been prescribed for the main drainage channel, the New
Cut, which terminates at the sluice through OB2. Model runs
have been carried out for idealized test cases with the sluice
being breached (either naturally or artificially), i.e. the height
of the ridge at the sluice has been lowered to match that of the
surrounding areas. The width of the breach has been set equal
to the width of the sluice. In this case, the breach morphology
is neither created nor evolved by the storm surge. The breach
has been located at the sluice as it is the focal point of the
drainage network and a breach at this location is expected to
maximize the landward intrusion of marine water and, thus,
represents the worst case scenarios in terms of the areal extent
of the zone affected by increased salinity.

Several scenario-based simulations have been conducted
which include one SLR and four simplified storm surges sce-
narios. For the SLR and each storm surge scenario, three ide-
alized freshwater discharge cases and one rainfall case are run.
In the SLR scenario, the water levels have been raised by
0.9 m according to the RCP8.5 projection for year 2100
(Fig. 2a) (Grinsted et al. 2015). The four storm surge scenar-
ios, 0 m, 1m, 2 m and 3m, are simulated by imposing half of a
sinusoidal wave to the tidal levels of the corresponding period
(Fig. 2a). The exceedance probabilities of the above-
mentioned idealized surges are 100%, 4%, 0.1% and <
0.01%, respectively (Source: the BCoastal Design Sea Levels
–Coastal Flood Boundary Extreme Sea Levels^ dataset by the
Environment Agency). The duration of the storm is set equal
to three tidal cycles with the peak of the sinusoidal wave in
synchronization with high tide to maximize the increase in
water levels (Lyddon et al. 2018). Three idealized freshwater
discharge values are considered: 0, 3 and 9 m3/s. For the
rainfall test cases, historical daily precipitation data provided
by the Centre for Ecology & Hydrology (CEH), UK (Fig. 2b)
are applied. The above-mentioned simulations are run for two
months to ensure results of full 42 days in addition to the
initiation of the models and the duration of the surges.

Results

Spatial Distribution of Surface Water Salinity

Salinity of the wetland surface water for the four storm surge
scenarios without freshwater input is given in Fig. 3, with
Fig. 3a-d showing salinity at the end of the surge and Fig.
3e-h showing salinity 42 days from the end of the surge. For
the immediate after-storm period, the affected area in terms of
surface water salinity increases as surge height increases.
When the surge height is 3 m, the northern end of the coastal
defences is overtopped, leading to flooding of the area north of
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the Coney Hill cross bank (Fig. 3d and h). The exchange of
water between inland and seaward areas through the breached
sluice is always well pronounced; saline water invades the
wetland even without surge (0 m surge scenario). After
42 days, without any source of freshwater being inputted,
salinity has diffused across much broader areas and the area
affected by surges of different heights becomes comparable.

To investigate impacts of freshwater discharge and rainfall
on surface water salinity, two freshwater discharges (3 and 9
m3/s) as well as a historical rainfall record were applied to

each surge scenario. Salinity values across the wetland for
the scenarios in the immediate aftermath of the storms and
after 42 days post-storm are given in Figs. 4, 5 and 6. When
a freshwater input is present, surface water salinity is signifi-
cantly reduced for both time stamps (immediately after the
storm and 42 days after). Stream discharge, as well as rainfall,
lead to significantly different salinity contours and after-storm
freshwater recovery rate. For the 3 and 9 m3/s discharge sce-
narios (Figs. 4 and 5), freshwater being discharged into the
wetland causes the salinity front to move seawards; the larger

Fig. 3 Salinity of surface water in the marshland for the 4 surge scenarios
with 0 m3/s fresh water discharge through the west open boundary. a - d
are at the end of the breach event for the 0 m, 1 m, 2 m and 3 m surges,

respectively. e - h are at 42 days from the end of the breach event for the
0 m, 1 m, 2 m and 3 m surges, respectively. Tested scenarios include
barrier breaching at the current sluice location

Fig. 2 aWater levels imposed on
the east open boundary for 0 m,
1 m, 2 m and 3 m storm surge
scenarios; b Historical daily
rainfall
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the discharge, the more seaward the salinity front is.
Specifically, in the immediate after-storm period, freshwater
wedges are found north of the New Cut for both the 3 and 9
m3/s discharge scenarios and for the 0 m and 1 m surge cases
suggesting that the presence of a freshwater input can offset
seawater intrusion through the barrier breach even during
stormy events.

Opposite to the overall increase in salinity over time be-
yond the storm event observed in the cases without river
discharge (Fig. 3), surface water salinity across the wetland
of the 3 and 9 m3/s discharge scenarios decreases once the
surge comes to an end: a freshwater wedge is observable
north to the New Cut in all scenarios 42 days after the end
of the surge. For the rainfall cases (Fig. 6), although the

Fig. 4 Salinity of surface water in the marshland for the 4 surge scenarios
with 3 m3/s fresh water discharge through the west open boundary. a - d
are at the end of the breach event for the 0 m, 1 m, 2 m and 3 m surges,

respectively. e - h are at 42 days from the end of the breach event for the
0 m, 1 m, 2 m and 3 m surges, respectively

Fig. 5 Salinity of surface water in the marshland for the 4 surge scenarios
with 9 m3/s fresh water discharge through the west open boundary. a - d
are at the end of the breach event for the 0 m, 1 m, 2 m and 3 m surges,

respectively. e - h are at 42 days from the end of the breach event for the
0 m, 1 m, 2 m and 3 m surges, respectively
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more limited landward intrusion of the salinity front is also
observed at the end of the surge, freshwater wedges are not
formed after 42 days post-storm. Instead, more widely dis-
tributed salinity contours are formed, and the contours are
similar to each other.

Spatial distribution of surface water salinity under the com-
pound action of SLR and different stream discharge or rain-
fall, is given in Fig. 7. In comparisonwith contours at the same
time stamp of the corresponding cases without SLR and storm
surge, i.e. panel E in Figs. 3, 4, 5 and 6, a SLR scenario of
0.9 m significantly increases salinity of the surface water in
the back-barrier wetland. Also, the area in the wetland affected
by seawater is increased in all four cases due to SLR. The
freshwater wedge observed in the two river discharge cases
without SLR (Figs. 4e and 5e) is absent in the corresponding
SLR cases (Fig. 7b and c), indicating that the tidal flow in the
wetland is stronger than the flow caused by freshwater dis-
charge. Overtopping of the northern end of the coastal

defences due to SLR is not observed, although in reality this
location may be made more vulnerable to breaching due to
coastal erosion associated with SLR.

To scope the temporal trends of salinity in the back-barrier
wetland under the above-mentioned scenarios, surface water
salinity is sampled at eight locations, four along the New Cut
and four on the two sides of the New Cut (Fig. 1), for the
duration of the simulation. Figures showing time series of
salinity of the above-mentioned cases at the eight locations,
as well as the associated discussion, are given in the supple-
mentary material.

Salinity over Distance at the End of the Beach Event

Salinity at the end of the barrier beach event as a function of
distance from the breach of the above-mentioned cases is
shown in Fig. 8. For all cases, surface water salinity

Fig. 6 Salinity of surface water in the marshland for the 4 surge scenarios with rainfall. a - d are at the end of the breach event for the 0 m, 1 m, 2 m and
3 m surges, respectively. e - h are at 42 days from the end of the breach event for the 0 m, 1 m, 2 m and 3 m surges, respectively

Fig. 7 Salinity of surface water in the marshland at 42 days from the end
of the storm for the SLR simulations: a 0 m3/s fresh water discharge
through the west open boundary; b 3 m3/s fresh water discharge

through the west open boundary; c 9 m3/s fresh water discharge
through the west open boundary; d Rainfall
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decreases as the distance from the breach increases. Given
the same freshwater input, salinity is overall higher when
the storm surge is higher. Among the 0 m3/s discharge sce-
narios (Fig. 8a), the case with SLR has the largest surface
water salinities. Surface water salinities of the SLR cases at
3 and 9 m3/s discharge, however, are lower than those of the
corresponding 2 m surge cases, but larger than those of the
1 m surge cases (Fig. 8b and c). When the main freshwater
resource is rainfall (Fig. 8d), surface water salinities of the
SLR case are at the same level of those of the 2 m surge case.

The lines in Fig. 8 are fitted to the data using least squares
regression. When the freshwater input is direct freshwater
discharge from the river (Figs. 8b and c), the fitted lines in

each panel, i.e. same freshwater discharge rate but different
surge height, are almost parallel to each other, suggesting
that given the same freshwater discharge, the rate of salinity
decrease over distance is not sensitive to surge height/SLR.
Also, the freshwater recovery rate of the system over dis-
tance is higher when freshwater discharge is higher (nega-
tive slope of lines in panel 8A to 8C increases). On the other
hand, the fitted lines in Fig. 8d diverge as the distance to the
breach increases. In other words, given the same rainfall, the
freshwater recovery rate of the system over distance de-
creases with increasing storm height. It is also seen from
Fig. 8 that the salinity over distance for cases integrating
the mitigating effect of rainfall is more widely distributed

Fig. 8 Salinity at the end of the
breach event as a function of
distance to the breach

Table 1 Effects of surge height, SLR, freshwater discharge and rainfall on salinity over distance at the end of the breach event

Freshwater discharge (m3/s) Rainfall

Constant Increases from 0 to 9 Same record

Surge/SLR
(m)

• The rate of salinity decrease over
distance is not sensitive to surge
height/SLR;

• Freshwater recovery rate over
distance increases when
discharge increases;

Surge increases
from 1 to 3

• Salinity is overall higher when the
storm surge is higher;

• Freshwater recovery rate of the system
over distance decreases with increasing
storm height;

Comparison
between surge
and SLR

• SLR has the largest surface water salinities when discharge is 0;
• Surface water salinities of the SLR cases are lower than those of the 2 m

surge cases, but larger than those of the 1 m surge cases, when discharge
is 3 and 9;

• Surface water salinities of the SLR case
are at the same level of those of the 2 m
surge case.
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than that of cases with freshwater discharges. To facilitate
comparison, the effects of surge height, SLR, freshwater
discharge and rainfall on salinity over distance at the end
of the breach event, discussed above, are also listed in
Table 1.

Reedbed Die-Back

A reedbed die-back analysis has been carried out following a
threshold criterion assuming that P. australis die-back occurs
when salinity is above 22.5 psu for a continuous period of
42 days (Hellings and Gallagher 1992; Lissner and Schierup
1997). Results of the cases with storm surges are presented in
Fig. 9, in which the yellow shaded areas indicate regions that
meet the reedbed die-back criterion (hereafter ‘potential die-
back area’) and the red shaded areas depict the initial distribu-
tion of reedbed. The orange shaded areas where the yellow
shaded areas overlay with the red shaded areas, therefore,
indicate the extent of reedbed lost due to storm-induced saline
intrusion into the wetland.

For the 0 m3/s discharge cases, most of the wetland is rec-
ognized as potential die-back area. Areas north to the Coney
Hill cross bank only meet the criterion when a 3 m surge is
imposed. The potential die-back area is significantly reduced
for the 3 m3/s and 9 m3/s discharge cases. In particular, wedge-
shaped die-back-free zones stretching to the barrier breach are
formed north of the NewCut for the 0–2m surge scenarios with
3 m3/s discharge, and the potential die-back area north to the
New Cut becomes almost negligible for the same scenarios
with 9 m3/s discharge. For both discharges, the area north to
the Coney Hill cross bank turns into potential die-back zone
only when the surge height is 3 m. For the rainfall cases, the
distribution of the potential die-back area is less affected by
surge occurrence. In comparison with the freshwater discharge
cases, although the potential die-back areas in the main flood-
plain of the rainfall cases are larger, areas north of the Coney
Hill cross bank and southern areas are always die-back-free
zones, even when surge height reaches 3 m.

Following the same reedbed die-back threshold criterion
mentioned above, reedbed losses for the cases that implemented
SLR are presented in Fig. 10. Compared to the corresponding
cases without SLR, i.e. panels A, E, I & M in Fig. 9, SLR of
0.9m significantly increases the potential die-back area. Similar
to the results shown above for the storm surge cases at 3 m3/s
and 9 m3/s discharge, weak wedge-shaped die-back-free zones
are observed for the SLR integrated 3m3/s and 9m3/s discharge
cases. The distribution of the potential die-back area of the
rainfall case is very similar to that of the 0 m3/s discharge case.

Reedbed losses in hectares (areas of orange regions in
Figs. 9 and 10) have been calculated for all simulated scenarios
and are presented in Fig. 11. For cases that implemented storm
surges, reedbed loss increases as surge height increases.
Reedbed losses of the cases without any freshwater input (i.e.

0m3/s discharge) are the highest and can reach 92 ha for the 3m
surge case. Cases of applied freshwater discharge into the New
Cut through the west open boundary of the model undergo
smaller reedbed losses in comparison. Reedbed losses for the
3 m3/s discharge cases are below 20 ha until surge height in-
creases to 3 m, in which case the loss increases to 54 ha.
Similarly, for the 9 m3/s discharge cases, reedbed losses are
almost negligible until the 3 m surge increases the loss to nearly
20 ha. Reedbed losses for the rainfall cases remain at a level of
50–60 ha, regardless of the surge height.

SLR of 0.9 m is observed to increase the reedbed loss of all
four cases. Freshwater discharge through the main channel of
the ditch network within the wetland can effectively reduce the
SLR-induced reedbed loss. In particular, a discharge of 9 m3/s
can reduce the reedbed loss from 74 ha to 5 ha. On the other
hand, very little effect of rainfall on reedbed loss is observed.
Compared to the impact of storm surges, reedbed loss due to
SLR is equal to the damage caused by a 2 m surge, given no
freshwater is being input into the wetland. For the 3 m3/s dis-
charge cases, the reedbed loss caused by SLR is slightly larger
than that caused by the 3m storm surge; the losses are 58 ha and
54 ha, respectively. The SLR-caused reedbed loss with the 9
m3/s discharge case lies between the damage caused by the 2 m
and 3 m surges with the same rate of freshwater input. When
rainfall is the source of freshwater input of the system, SLR
causes a significantly larger destruction to the reedbed of the
wetland than storm surges. While the reedbed losses caused by
the storms remain at a level of 50–60 ha, the loss is increased to
74 ha for the SLR case.

Discussion

This research explores reedbed die-back in a coastal back-
barrier wetland following a barrier breaching event. The
modelled salinization of wetland areas due to sea/freshwater
exchange, storm events and SLR has been identified as a
major threat for reedbeds, and a threshold criterion is here
used to determine the survival/die-back of reedbeds under
different external forcing scenarios. As such, the modelling
can be viewed as a tool for scoping the impact of different
flooding phenomena or the consequences of alternative man-
agement strategies on wetland habitats and biodiversity.
Although not exhaustive, the value of this approach lies in
exploring the vulnerability of coastal wetlands to climate
and coastal change under ‘no active intervention’ shoreline
management, from event to centennial timescales (Cowell
and Thom 1994), and in shaping strategies and interventions
for effective ‘managed realignment’. Here, we examine the
modelling results in relation to how they may feed into deci-
sion support for coastal wetland management and climate
change adaptation.
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Fig. 9 Reedbed die-back of the surge scenarios. a - d are for the 0–3 m
surges, respectively, with 0 m3/s discharge applied. e - h are for the 0–3 m
surges, respectively, with 3 m3/s discharge applied. (I) - (L) are for the 0–

3 m surges, respectively, with 9 m3/s discharge applied.m - p are for the
0–3 m surges, respectively, with historical daily rainfall applied

Fig. 10 Reedbed die-back of the SLR scenarios: a 0 m3/s discharge; b 3 m3/s discharge; c 9 m3/s discharge; d Historical daily rainfall
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Our results show that without any mitigation plan in place,
such as regulated freshwater inputs, the majority of the current
reedbeds in Minsmere will be lost due to increased salinity in
case of breaching of the coastal defences. For example, even
under calm conditions (0 m surge) and without SLR, water
exchange caused by the breaching alone can lead to a 44%
loss of the current reedbeds extent, and the reedbed loss under
calm conditions but with 0.9 m SLR can increase to ~ 78%
(Fig. 11). In this respect, the reedbed habitat currently exhibits
considerable vulnerability to event-based barrier breaching
during periods of low freshwater discharge, which increases
substantially with SLR. This implies a requirement for both
immediate and long-term mitigation, likely in the form of
‘compensatory habitat’ creation, which is already in plan for
the Ouse and Nene Washes (Natural England. 2016).

Tests incorporating freshwater input in the form of direct
river discharge were run to address saline intrusion compared
with cases with rainfall. Compared to rainfall, which provides
an evenly distributed freshwater input for the area, the impact
of river discharge is more spatially-focused, and the spatially-
limited distribution of freshwater is further constrained by the
topography. Therefore, the chances of reedbed survival are
only increased for areas that are closer to the freshwater pas-
sage. However, despite the small discharge values, discharge
inputs are more efficient than rainfall in offsetting the salinity
increase, and hence for the test case herein deliver more effec-
tive mitigation in reducing total reedbed die-back for surge
values up to 3 m and for SLR up to 0.9 m. In the immediate
term, i.e. wetland resilience to breaching under ‘no active
intervention' scenario, the reedbeds are located where fresh-
water passage is good and, hence, if breaching took place
during winter or periods of high river discharge (as is often
associated with storms), the reedbed loss would be moderated
substantially. Presently, it is rare that freshwater discharge into
Minsmere reaches the modelled high scenario to achieve com-
plete resilience to tidal ingress, and if breaching took place
during summer the effects on reedbed extent would be far
reaching. In the long-term, aside from the costs of
implementing a water storage and management scheme for

mitigation by river discharge input, additional challenges
come from climate change and increased domestic and agri-
cultural water demand in the south and east of England (Defra
2013). In relation to climate change, the UK Climate
Projections 2018 (UKCP18) projected that average summer
rainfall in the UK could decrease by up to 47% while average
winter rainfall could increase by up to 35% by 2070. Such a
future would necessitate an effective water storage and man-
agement scheme to maintain reedbed resilience during the
summer months. Overall, the model results suggest that con-
tinuous and targeted freshwater discharge could be regarded
as a potential mitigation strategy under both ‘no active inter-
vention’ and ‘managed realignment’ scenarios but only if suf-
ficient freshwater resources are available and can be managed
appropriately. This would seem less likely for a ‘managed
realignment’ future, and thus the inland habitat compensation
option, described above, is a more viable option.

Comparison between the impacts of storm surges and SLR
has been carried out. Our results show that in terms of hectare
loss of reedbeds, a 0.9 m SLR has a greater impact than surges
up to 2 m height with no SLR, especially for cases where
wetland loss mitigation measures are being implemented with
3 and 9 m3/s discharge regulation. This is due to the fact that
for the SLR scenarios the baseline sea level is continuously
higher throughout the entire simulated period, which facili-
tates the ingress of seawater into the wetland, hence the in-
crease of salinity of the surface water. Further, compared to the
temporary nature of the water level increase caused by storm
surges, the raising of baselinemean sea level caused by SLR is
an event with a much longer duration which can lead to long-
lasting flooding of the wetland, causing greater damage to the
vegetation of coastal wetlands through prolonged submer-
gence of the plants and salinization of the water system. In
terms of decision support, this implies that the current mosaic
of habitats in Minsmere wetlands is unlikely to be sustained
into management epoch 2 (20–50 years), and that another
wetland complex will be required for epoch 3 (50–100 years)
– one that is much more aligned with a tidally flushed barrier
estuary (Roy et al. 1994), characterised by tidal creeks,

Fig. 11 Reedbed loss in hectares
for the simulated scenarios
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mudflats, saltmarshes and marginal reed swamps. Whilst this
would represent a significant change in the natural resource
base, it would essentially be a return to the ‘Haven’ that
existed on site prior to its closure in the eighteenth century
(Pye and Blott 2006).

As a nature reserve, the study site serves as a good represen-
tative of coastal habitats that are homes to a wide range of plants
and animals. Therefore, in addition to the die-back of reeds,
increased salinity in the wetland would also pose pressure on
the survival of other species. Our results show that the current
reedbed extent is likely to shrink over the long term under the
threat of increased salinity in the wetland, which agrees with
previous finding suggesting that the expansion of P. australis is
limited by high salinities (Chambers et al. 1999). However, the
salinization of the wetland does not necessarily mean a com-
plete eradication of the existing habitat and the reliant commu-
nities which are adaptive to the changing environment. The
intrusion of saline water could present opportunities for reedbed
colonization on the landward side of the domain, hence the
relocation of animals that are dependent on reedbed. Indeed,
colonization and expansion of P. australis on the high marsh
areas under certain conditions have been widely reported in the
US (Chambers et al. 1999; Bart and Hartman 2000; Bertness
et al. 2002). However, apart from hydrodynamic factors, nutri-
ent regime also plays an important role in determining the early
establishment and growth of reedbeds (Chambers et al. 1999).
In this respect, habitat compensation due to wetland develop-
ment elsewhere represents a more reliable strategy associated
with ‘managed realignment’ of Minsmere.

In addition to the above-mentioned potential migration of
the reedbed and its reliant ecological communities on the high
marsh, an increased surface water salinity in the wetland could
also facilitate the establishment of plants with higher salt-
tolerance in the low marsh (Donnelly and Bertness 2001), and
thus lead to a habitat shift. For example, competitive interac-
tions may exist between P. australis and S. alterniflora at mod-
erate salinities, but S. alterniflora is more likely to survive and
replace P. australis at high salinities due to specialised glands
on the leaves which allow efficient osmoregulation and salt
excretion (Howes et al. 1986; Vasquez et al. 2006; Medeiros
et al. 2013). Therefore, controlled introduction of highly salt-
tolerant plants and their dependent communities in low marsh
areas could potentially serve as a solution to retain bio-diversity
posterior to the salinization of back-barrier brackish wetlands.

The results presented in this research are based on one
idealized breach location, i.e. the manually controlled sluice
of the drainage system in the wetland; this idealized scenario
was chosen as it maximizes the seawater ingress into the sys-
tem through transmission within the existing drainage net-
work. In which case, it might be regarded as a ‘worst case’
for seawater ingress, increased salinity and reedbed die back.
However, breaching can happen at different locations, which
then leads to the question of how critical the breach location is

in terms of inundation extent, water salinization and ecosys-
tem destruction. For instance, had the breach happened north
of Coney Hill cross bank, the main wetland area would likely
be protected by this secondary defence from the impacts of
both storm surges and SLR. Also, the damage caused to the
wetland is likely to be reduced if the breach is situated further
south of its current location, as the area south of the New Cut
is higher elevation with fewer drainage channels and weaker
channel connectivity, hence reduced water exchange and sa-
linity diffusion. When the breach is located between the sluice
and the cross bank, sea water ingress would be slower if the
seawater being flushed into the wetland remains confined
within the drainage channels, relying on the channel network
to progress. However, if the amount of seawater input is large
enough to overflow the channel banks and bypass the channel
network to diffuse across the wetland, the efficiency of sea
water ingress is then independent of the location of the breach.

In considering the implications of seawater ingress for both
the ‘no active intervention’ and ‘managed realignment’ fu-
tures, wetland response need not have to develop naturally
following breaching. Direct interventions in the back-barrier
to steer landscape evolution in the wetland, such as creating
creeks and developing the necessary topography, can ulti-
mately compensate for habitat loss induced by seawater intru-
sion (e.g. Dale et al. 2017, 2018; Lawrence et al. 2018). For
example, the fast seawater ingress promoted by high connec-
tivity of the drainage network mentioned above could be im-
peded by construction of embankments that disconnect the
network. In a like manner, channels could be created by de-
sign to route seawater away from the reedbeds if the goal was
to retain the reedbeds at their current establishment.

A numerical model (Delft3D) is used in this research as a
tool to study the impact of barrier breaching on a back-barrier
wetland located on a micro-mesotidal coast. The methodology
applied in this research to investigate responses of wetland veg-
etation to environmental stressors, i.e. combining key environ-
mental factors predicted by state-of-the-art numerical models
and the tolerance of plants to these factors, is readily transfer-
able to studies with a similar research focus and, indeed, to sites
where ‘managed realigment’ is an agreed option for coastal
resource management over the longer term. Similarly, the out-
comes of this research illustrate the potential impacts of envi-
ronmental changes on vegetation in micro-mesotidal back-bar-
rier wetlands, e.g. Donaña National Park in southern Spain and
Elkhorn Slough National Estuarine Research Reserve in
California. Tidal environments characterized by low tidal range
have been found to experience restricted water exchange be-
tween the enclosed coastal wetlands and coastal waters
(Childers and Day Jr 1988; Ibñez et al. 2002; Sánchez-
Carrillo et al. 2009), which also suggests a limited exchange
of salt between the two water bodies. It can, therefore, be de-
duced that meso- and macrotidal environments which typically
have larger tidal prism are likely to undergo greater water and

782 Wetlands (2020) 40:771–785



salt exchange and, hence, experience more severe breaching-
induced surface water salinization.

Conclusions

This research explores the potential state of a coastal wetland
with a barrier breach either due to coastal erosion consequent
upon accelerated sea-level rise, instantaneous breaching dur-
ing a storm, or as a result of human intervention. Predicted
extensive vegetation die-back due to prolonged highly saline
conditions caused by sea/freshwater exchange through the
breach revealed the vulnerability of coastal back-barrier wet-
land. Analyses were conducted under the compound action of
SLR, freshwater inputs and different storm surge scenarios.
The comparison between storm surges and SLR-induced im-
pacts in terms of hectares loss in reedbeds revealed that a
0.9 m SLR (RCP 8.5 projection for year 2100) had a greater
impact than a surge up to 2 m height with no SLR, either with
or without regulative freshwater input. The potential of utiliz-
ing continuous and targeted freshwater discharge to mitigate
SLR and/or surge-induced disruption on wetland salinity to
guarantee habitat stability has been investigated. We found
that constant freshwater discharge can largely reduce areas
affected by salinity increments and areas possibly subject to
reedbed die-back. This is, of course, dependent on the avail-
ability of sufficient stream discharge to meet the required reg-
ulatory demand.

The numerical model used in this research provides a use-
ful tool for scoping the impact of barrier breaching on back-
barrier wetlands under both ‘no active intervention’ and 'man-
aged realignment’ options for coastal resource management.
Due to the wide extent of coastal wetlands, and their impor-
tance in supporting bio-diversity and providing coastal protec-
tion, the findings of this research are highly important to the
planning and management of coastal wetlands. This can be
reflected in the identification of vulnerable locations,
projected areal changes in wetland composition and distribu-
tion, and the evaluation of potential mitigation strategies ac-
cording to the time frame being considered. The model there-
fore offers an important tool for exploring the potential con-
sequences of alternative management strategies under differ-
ent environmental forcings.
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