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Abstract
Purpose The effect of thin-layer capping with activated biochar on sediment-to-water flux was investigated. For the first 
time, the diffusion of both polycyclic aromatic hydrocarbons (PAHs) and arsenic (As) were studied simultaneously. The 
fate of As was investigated, under successive dysoxic and oxic conditions, in order to assess and discuss potential trade-off 
effects when using biochar as an active sorbent for capping of multi-contaminated sediments.
Methods Sediments from the Bureå bay (Sweden), contaminated with PAH and metal elements including As and Hg, were 
capped with activated biochar and/or bentonite in simple microcosm test systems in the laboratory. The contaminant trans-
port from sediment through the capping to water body was studied by sampling metals in the water phase above the cap over 
time, or PAH in a heptane layer over water, at regular time intervals.
Results Consistently with the limited previous studies, reductions were observed (e.g., 60–65% for 15-PAH, 100% for 
chrysene) in sediment-to-water PAH fluxes upon biochar-based thin-layer capping. However, the most important novel 
finding revealed ambiguous effects of biochar capping on redox-sensitive elements, in particular As. Under the microcosm 
conditions of the experiment, where pH was affected by the capping material, biochar treatments favoured As mobility under 
oxic conditions, directly and/or via effects on Fe speciation. While capping limited the diffusion of As under dysoxic condi-
tions, this also favoured greater As mobility under oxic water conditions compared to no capping.
Conclusion Design and monitoring of capping of PAH contaminated sediments should account for potential negative effects 
on co-occurring contaminants.

Keywords Remediation · Activated biochar · Sorption · Oxido-reduction · Multicontamination

1 Introduction

Sediment capping is an increasingly studied remediation strat-
egy for polluted sediments, based on limiting the upwards 
diffusion of contaminants and isolating them from sediment-
dwelling organisms (Ling et al. 1996; Azcue et al. 1998; Mohan 
et al. 2000). The approach is based on the principle that a layer 
of any non-contaminated material on top of the contaminated 
sediment will, according to Ficks law (and in the absence of 
pore water advection) reduce the sediment-to-water transport 
of contaminants as the length of the diffusional path increases 
(Eek et al. 2008; Go et al. 2009). In the past two decades, thin 
capping with active materials has gained interest, in particu-
lar for larger areas where conventional capping requiring large 
amounts of material and dredging is technically and economi-
cally challenging (Ghosh et al. 2011; Patmont et al. 2015).
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In thin-layer capping, the active material has the func-
tion to sorb contaminants, significantly delaying contami-
nant breakthrough and decreasing the diffusion rates (Viana 
et al. 2008). Activated carbon was proven effective at reme-
diating sediments contaminated with hydrophobic organic 
compounds such as PAH and PCBs (Cornelissen et al. 2011; 
Patmont et al. 2020), PCDD/F (Cornelissen et al. 2012; 
Schaanning et al. 2021) and TBT (Eek and Schaanning 
2012), as well as mercury (Menzie et al. 2014; Chaudhary 
et al. 2022). Activated biochar, i.e. pyrolyzed biomass acti-
vated at high temperature to increase sorption capacity and 
affinity (Hagemann et al. 2018), was recently also proven 
effective for remediating sediments contaminated with PAH 
(Silvani et al. 2017; Yang et al. 2018; Bianco et al. 2021) or 
Cu (Zhang et al. 2017), Pb and Cd (Wang et al. 2022) and 
was suggested to be well suited for sediments contaminated 
with mercury (Gomez-Eyles et al. 2013). Due to its carbon 
sequestration effect, the use of biochar as an actively sorb-
ing material in thin capping constitutes a more sustainable 
approach than many other remediation methods in a life 
cycle perspective (Sparrevik et al. 2011), but its application 
is still less documented than that of fossil-based activated 
carbon, and only for a small number of different contami-
nants. To our knowledge, no previous study has shown the 
effect of an active capping strategy based on activated car-
bon or biochar, on redox-sensitive contaminants such as 
arsenic (As).

Different types of sorbents are best suited for different 
families of contaminants (Viana et al. 2008). While acti-
vated carbon efficiently limits the diffusion of mercury to the 
water column, apatite would be a better sorbent for cadmium, 
chromium and lead, and organoclay would have a good per-
formance for arsenic and methylmercury. But in many sedi-
ments, different types of organic and inorganic contaminants 
coexist (Johnston et al. 2013; Menzie et al. 2014), possibly 
leading to a trade-off in cap performance (Ye et al. 2017).

The effect of biochar on cocktails of coexisting contami-
nants with different geochemical behaviours has to date been 
poorly studied, and to our knowledge, no study has shown 
the effect of biochar-based capping on arsenic diffusion in 
sediments, a scenario for which contradictory and complex 
effects can be expected due to biochar intrinsic properties. 
For example, biochar alkalinity could mobilise anionic met-
alloid contaminants such as As or Sb which are typically 
more soluble under alkaline conditions (Sigg and Stumm 
1981). In addition, biochar is rich in functional groups which 
could shuttle electrons and catalyse redox reactions (Kappler 
et al. 2014; Do Minh et al. 2020). Nevertheless, the effect of 
biochar on As mobility is not certain, indeed, experiments 
where As-contaminated sediments were incubated with 
various biochars reported both smaller release of As with 
biochar (Zhang et al. 2020) and higher release of As with 
biochar (Soares et al. 2022). More research is thus needed 

on the effect of biochar-based thin capping on sediments 
contaminated with redox-sensitive metal(loid) contaminants 
such as Hg, As and Sb.

The purpose of the present study was to investigate if a 
biochar-based thin capping could be a good solution for such 
sediments contaminated with a cocktail of contaminants, i.e. 
PAH, As, Cu, Pb, Zn and Hg, with different geochemical 
behaviours. This study is the first of its kind in investigating 
the effectiveness of thin-layer caps with and without biochar 
on the various contaminants in a complex contamination, 
especially focusing on the potentially contrasting effects of 
the caps on organic contaminants (such as PAHs) and redox-
sensitive metalloid (such as As).

The following hypotheses were tested: (H1) activated bio-
char capping can effectively reduce the sediment-to-water 
diffusion of PAHs and (H2) a trade-off of the capping is the 
mobilisation of metal(loid) contaminants such as As through 
modifications in pH, Eh and general biogeochemical condi-
tions at the sediment-cap interface.

These hypotheses were tested in the laboratory using sim-
ple microcosms consisting of a series of glass jars filled with 
sediments from the Bureå bay, which are contaminated with 
PAHs as well as metal(loid)s such as As and Hg due to past 
industrial activities. The sediments were capped with benton-
ite and/or biochar and the diffusion of PAH and metal(loid)s 
from sediment into the water phase was measured.

2  Materials and methods

2.1  Sediment sampling

The sediment of the estuary of the Skellefteå river (Bureå 
bay, Sweden) present elevated concentrations of PAH and 
metal(loid) elements such as As, Cu, Pb, Zn and Hg. The 
elevated concentrations of metal(loid) elements are the 
results of drainage of the river through sulfide mineraliza-
tion in the Skellefteå ore district, and industrial activities, i.e. 
mainly historic emissions from the copper smelter Rönnskär 
and activities from a pulp mill in Bureå. The latter was using 
mercury as conservative during the last century and has led 
to pollution of mercury and PAH at a local scale in the Bureå 
bay. The sediment used in this experiment was sampled in 
November 2020 in the Bureå bay using a Van Veen grabber. 
A sample of ca 135 L was composed by mixing 15 L sam-
ples from nine different locations representing an area of 30 
 m2 (see SI for details). A subsample of 40 kg was homog-
enized with a cement mixer before use in the microcosms. 
The sediment was dark grey in colour, but a thin layer with 
orange colour, likely due to oxyhydroxide precipitates, had 
been observed in the field at the surface of the sediment dur-
ing sampling (Fig. S1). The orange precipitates were mixed 
with the bulk sample before using the material in laboratory 
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tests. The Bureå sediment contained abundant wood pieces 
in the centimetre size and wood fibres.

2.2  Capping materials

The materials used for the sediment capping were (1) a com-
mercial activated biochar from Jacobi Carbons (CP1 pow-
dered; Kalmar, Sweden) and (2) a bentonite clay, which is 
a dry powdered white sodium montmorillonite, saline seal 
from CETCO and was obtained from FLA Geoprodukter 
(Lidköping, Sweden). The bentonite material was used as a 
structuring material to ensure that biochar would stay on the 
sea bottom. The biochar was produced by pyrolysis of coco-
nut shell biomass using high-temperature steam activation. 
Steam activation generally requires temperatures > 850 °C 
(Marsh and Reinoso 2006). The characteristics of these 
materials have extensively been described in Amstaetter 
et al. (2012). Briefly, 80% of particles in a size smaller than 
74 µm, carbon content was above 90%, and total surface 
area was 1158  m2  g−1 (pore volume 0.54  cm3  g−1), with 977 
 m2  g−1 in the 0.35–1.5 nm size range and 61  m2  g−1 in the 
1.5–40 nm size range (Table S5).

2.3  Mineralogical and chemical analyses

The organic content of the sediment was estimated by the 
loss of ignition at 1000 °C on dried sediment. The mineral-
ogical composition of the sediment and capping materials 
was analysed by X-ray diffraction (XRD). The masses of 
16-EPA PAHs in the original sediment (hereafter noted “16-
PAH”) or 15 EPA PAHs in the microcosm samples (hereafter 
noted “15-PAH”) were analysed by chromatography- mass 
spectrometry (GC–MS). Element concentrations were ana-
lysed in  HNO3-digested sediment, biochar and bentonite, as 
well as in the sediment porewater and in the Bureå bay water, 
respectively by inductively coupled plasma-atomic emission 
spectrometry (ICP-AES; for major elements) and sector field 
mass spectrometry (ICP-SFMS; for trace elements). In the 
water phase of microcosms, major elements were analysed 
by optical emission spectrometry (ICP-OES) and trace ele-
ments by mass spectrometry (ICP-MS). For selected water 
samples, total mercury was also analysed using the USEPA 
method 1631 as described in Braaten et al. (2014), which 
provided a detection limit of 0.1 ng  L−1 and a quantification 
limit of 0.3 ng  L−1. Fe(III) and total Fe concentrations were 
analysed by ferrozine-colorimetry on acid-extracted sedi-
ments, following the method from Stookey (1970). pH of 
biochar and bentonite was measured in a paste (bentonite) or 
suspension (biochar) with solid:liquid ratio of 1:2.5 in mass, 
after shaking and settling during 2 h. Details on the analyti-
cal methods used are provided in supporting information. Ta
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2.4  Microcosm experiment set‑up for analysis 
of PAHs diffusion

Separate glass jars with a diameter of 7.9 cm were pre-
pared for each sediment treatment and each diffusion time 
tested. One hundred fifty gram of homogenized sediment 
was placed in each glass jar using a pastry pouch. Caution 
was taken to avoid air pockets in the sediment or traces of 
sediment on the walls and to obtain a flat surface. Triplicate 
glass jars were prepared for a number of samples detailed 
in Table 1.

Five different treatments were applied to the sediments 
(Table S6), including a control with untreated sediment (A 
samples); a control with only bentonite capping (B sam-
ples); a control with sediment treated with only biochar 
mixed into the sediment (C samples); and two recipes of 
capping with biochar-enriched bentonite, with respectively 
0.7 ± 0.1 kg  m−2 biochar (D samples, hereafter referred to 
as “low biochar”) and 1.8 ± 0.1 kg  m−2 biochar (E samples, 
hereafter referred to as “high biochar”). The surface cover-
age of biochar was chosen to be in the range of dosages 
tested in previous field-scale sediment capping. For exam-
ple, the biochar cover applied in a dioxin-contaminated site 
in the Grenland fjord corresponded to a surface coverage 
of 0.5–2 kg  m−2 (Cornelissen et al. 2012). The amount of 
bentonite added (2.6 ± 0.4 kg  m−2) was chosen so that a 
paste was obtained, relatively easy to apply as a flat layer. 

Biochar and bentonite were added as a mixture with NaCl 
solution (3 g  L−1, as a proxy for brackish water). Details 
about the cap recipes are in supporting information. The 
cap was applied by taking 50 mL of the paste and applying 
it above the sediment using a plastic syringe. This resulted 
in a cap layer of 1.5 cm thickness for all the capped tests (B, 
D and E).

One hundred fifty milliliter of milliQ water with 3 g  L−1 
NaCl was then slowly placed above the flat surface of sedi-
ment or cap, and 60 mL of heptane was placed above the 
water (Fig. 1). Heptane was used as an infinite sink for PAHs 
diffusing from the sediment to the overlying water (Eek et al. 
2008). An internal standard, consisting of deuterated naph-
thalene, acenaphthene, fluorene, phenanthrene, fluoranthene, 
benz(a)anthracene, benz(a)pyrene and dibenz(ah)anthracene 
in nonane, was added to the heptane phase prior to place-
ment above water, in order to correct PAH concentrations for 
eventual losses of heptane during the sampling procedure.

The heptane phase was collected after 2, 8, 15, 26, 50, 
100, 200 and 386 days of experiment, using methanol-
washed Pasteur pipettes and glass test tubes. Then, the vol-
ume of heptane was reduced to 0.5 to 1 mL using a rotational 
vacuum concentrator equipped with a cold trap (®CHRIST, 
model RVC 2–25 CDplus) before analysis of 15-PAH. PAH 
concentrations were also analysed in the capping material 
for a selection of microcosm samples after 100 days and 
386 days of diffusion.

Fig. 1  Schematic principle 
of the experimental tests for 
diffusion of metal(oid)s (a, b) 
and PAH (c, d) through the 
uncapped (a, c) and capped (b, 
d) sediments. The blue dashed 
line indicates the theoretical 
concentration profile of the con-
taminant in water and capping 
layer in the microcosm test, 
assuming steady-state molecu-
lar diffusion. Concentration in 
water in contact with heptane 
 (Cw), concentration in sediment 
pore water  (Cpw_sed), diffusive 
boundary layer thickness (δe) 
and cap thickness  (hcap) are 
indicated
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2.5  Microcosm experiment set‑up for analysis 
of diffusion of metal(loid) elements

In order to assess the diffusion of metal(loid) elements from 
the sediment to water, the approach chosen was similar to 
the microcosm tests for PAH diffusion, but measuring the 
metal(loid) concentrations directly in the water phase (no 
heptane or other infinite sink was added) (Fig. 1). In this 
case, the diffusion regime is not a steady state with infinite 
sink. Instead, in principle, the flux decreases as concentra-
tions in the water phase increase, until an equilibrium is 
reached between the porewater in sediment and the water 
phase above the sediment.

Because oxygen concentrations measured above the 
sediment at the Bureå site were between 1 and 2 mg  L−1 
in March 2021, i.e. at the border between dysoxic and oxic 
conditions (Tyson and Pearson 1991), and because seasonal 
fluctuations of oxygen concentrations are expected to occur 
at the site, metal(loid) diffusion fluxes were assessed suc-
cessively under dysoxic and oxic conditions. For this pur-
pose, subsamples of test sediment (150 g each) were placed 
in glass jars in glovebags filled with nitrogen. The same 
five treatments as the ones for assessing the diffusion of 
PAH (Section 2.4) were applied. The bentonite and bio-
char powders were equilibrated with  N2-atmosphere and the 
NaCl 3 g  L−1 solution was  N2-sparged prior to making the 
capping pastes. One hundred fifty milliliter of  N2-sparged 
milliQ water with NaCl 3 g  L−1 was then added slowly to 
the top with a plastic pipette. The jar samples were stored in 
zip-lock bags with oxygen consumers (AnaeroGen™, based 
on ascorbic acid and activated carbon), and additional oxy-
gen consumers were opened in the bags every other day for 
2 weeks. The oxygen concentrations measured in the water 
phase during the first week of experiment were between 0.5 
and 0.8 mg  L−1  O2. After 10 days of experiment, oxygen 
concentration was allowed to gradually build up by not add-
ing further oxygen consumers.

The water phase was sampled over time after 3  h 
to 99 days, by sacrificing a new jar at each time point 
(Table S6). A plastic syringe was used to extract the 
water above the sediment, and then water was filtered 
at 0.45 µm using Whatmann PES filters and stored in 
plastic bottles with nitric acid at a final concentration of 
1 wt%. Every other time point was sampled in triplicates 
(Table 2). For a given treatment and a given element, 
the maximum experimental relative error, calculated 
based on the triplicates obtained, was applied to the 
other results.

A selection of water samples was also stored in dark glass 
bottles with 1 wt% hydrochloric acid for Hg analyses. Before 
sampling, the pH of the water above sediment was measured 
using a pH paper with a precision of ± 0.5.

The water samples were stored at 4 °C, and the concen-
trations of metal(loid) elements was analysed. In addition, 
seven water samples were analysed for total mercury.

2.6  Flux determination from microcosm experiments

Fluxes of PAH and metal(loid) elements were determined 
based on measured concentrations accumulated in the water 
or heptane phase over time, considering the following.

In the case of the experiment assessing PAH diffusion 
fluxes, the heptane layer is an infinite sink for PAHs and the 
flux (J) from the sediment to water in the microcosm tests 
can be expressed as follows, in g  cm−2  s−1 (Eq. (1)):

with t the diffusion time (s);  mheptane the mass of PAH (g) in 
the heptane phase at time t; and  AMi  (cm2) the surface area 
of the sediment water interface in the microcosms.

In the case of the experiment assessing metal(loid) dif-
fusion fluxes, the water phase can be considered an infi-
nite sink only during a first time period T, while it then 
behaves as a finite sink. Following this consideration, the 
metal(loid) flux from sediment to water can be expressed 
as (2):

with  Ct the concentration of the element at the time t < T (in 
g  cm−3), and V the volume of water above the sediment in 
the microcosm (in  cm3).

2.7  Theoretical models used for discussing 
metal(loid) behaviours

In order to discuss the observed behaviours of Mg, As, Fe 
and Mn in the microcosms, their cumulated concentrations 
as a function of time in the water phase were compared with 
a theoretical diffusion model assuming:

(1)Jised =
mheptane

A
Mi

× t

(2)Jised =
C
t
× V

A
Mi

× t

Table 2  Time points with triplicates or single samples for the various 
treatments (h hour, d day)

Triplicates Single sample

A 6 h, 3 d, 16 d, 64 d 3 h, 24 h, 7 d, 32 d
B 2 d, 8 d, 32 d, 99 d 4 d, 16 d, 64 d
C 6 h, 3 d, 16 d, 64 d 3 h, 24 h, 7 d, 32 d
D 2 d, 8 d, 32 d, 99 d 4 d, 16 d, 64 d
E 2 d, 8 d, 32 d, 99 d 4 d, 16 d, 64 d
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– No sorption on the capping material;
– The sediment is an infinite source, and the cap material 

is in equilibrium with the concentration gradient in the 
pore water throughout the cap;

– Steady-state molecular diffusion through a diffusive 
boundary layer (DBL).

This theoretical diffusion model, used for comparison and 
discussion, is expressed as follows (Jørgensen and Revsbech 
1985):

with  Jised the diffusive flux (in g  cm−2  s−1);  Di the diffusion 
coefficient for a given compound in  cm2  s−1, for which val-
ues were taken from Yuan-Hui and Gregory (1974); δDBL the 
diffusive boundary layer in cm, considered to be 0.17 cm, 
based on previous measurement (0.17 ± 0.02 cm) on similar 
laboratory tests done following the alabaster method in Eek 
et al. (2008);  Ci pw the concentrations measured in porewater 
(Table S3); and  Ci w the concentration in the water above 
sediment, in g  cm−3. For capped samples, diffusive flux 
through the cap under the new steady state was approxi-
mated by Eq. (4) (Eek et al. 2008),

(3)Jised =
D

i

�DBL

(

C
i pw

− C
i w

)

(4)J
icap =

� ⋅ D
i

� ⋅
(

h
cap d

+ �DBL

)

(

C
i pw

− C
i w

)

where the cap thickness  (hcap d) was approximated to 1.5 cm; 
the porosity ε was approximated to 0.5; and the tortuosity τ 
to ε−1/3 (Boudreau 1997).

Cumulated concentrations in the water above the sedi-
ment  (Ciw), as well as  Jised and  Jicap, were calculated follow-
ing Eqs. (3) and (4) and compared with measured concentra-
tions and fluxes.

3  Results

3.1  Composition of the sediment and capping materials

3.1.1  Composition of the sediment

The water content of the sediment was 69 wt%, and the 
loss of ignition of the dried sediment was 18 wt%. XRD 
analyses indicated that the inorganic part of the sedi-
ment consisted of a majority of silicate minerals as well 
as a small but significant amount of pyrite (1 wt%  FeS2; 
Table S1). The sediments contained 240 mg  kg−1 of As, 
1.7 mg  kg−1 Hg and 14.6 mg  kg−1 of PAH-16 (on a dry 
mass basis—Tables  S2  and S3). Most of Fe from the 
sediment was in the reduced form Fe(II) (100% of the 
extracted Fe, Table S4), as expected from the dark colour 
and the pyrite content.

Fig. 2  Sediment-to-water transport (g/m2) of total 15-PAH (a) and 
acenaphtylene (b), fluoranthene (c) and chrysene (d) (as example 
PAHs of varying hydrophobicity), as a function of diffusion time, 
for the five treatments tested. Error bars are standard deviations on 

triplicate analyses and were obtained only for a number of samples 
detailed in Table 1. Dashed lines indicate a linear regression of PAHs 
from uncapped sediment (A) and after break through the capped tests 
B, D and E
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3.1.2  Composition of the capping materials

No PAH could be detected in the bentonite material, and 
only minor concentrations of a few PAHs were detected in 
the biochar, i.e. naphthalene (0.09 mg  kg−1, i.e. 12% of the 
concentration in the sediment) and phenanthrene, fluoran-
thene and pyrene (respectively 0.07 mg  kg−1, 0.05 mg  kg−1 
and 0.04 mg  kg−1, i.e. < 5% of the concentration in the sedi-
ment) (Table S3).

Bentonite contained significant amounts of Fe, Cu, V, 
Ni, Co and Mn, i.e. higher concentrations than the sediment 
(Table S2). However, these concentrations were significantly 
lower in the biochar material. In addition, the concentrations 
of As, Hg and Pb, which are the most problematic metal(loid) 
contaminants at the Bureå bay, were negligible in either of the 
capping materials compared to in the sediment (Table S2).

The bentonite material contained 124 mg  kg−1 of 0.5 M 
HCl-extractible Fe, from which 89% was in the oxidized 
Fe(III) form (Table S4). Biochar contained 36 mg  kg−1 Fe, 
from which 89% was in the reduced form Fe(II) (Table S4).

The paste pH of bentonite was 9.3, and the paste pH of 
biochar was 10.0.

3.2  Diffusive flux of PAHs

3.2.1  Diffusion of PAHs from uncovered sediments

PAH mass diffused from uncovered sediment to water and 
trapped in heptane, increased as a function of time, following 
a linear trend (Fig. 2). The linear increase of PAH concentra-
tions in heptane is in accordance with diffusion-controlled 
processes where the PAH porewater concentration would be 
controlled by equilibrium with an infinite solid source (i.e. 
where  Ciw is 0 in Eq. (3); Eek et al. 2008).

3.2.2  Effect of capping on PAH diffusion

The diffusion flux of 15-PAHs, i.e. the slope of diffused 
mass as a function of time, was reduced by 56% in the case 
of bentonite-capped sediment compared to uncapped and 
further reduced by 65%, in case of addition of biochar in the 

capping (Fig. 2, Table 3). This flux reduction after capping 
is due to the addition of the cap thickness to the diffusive 
boundary layer, as well as increase of tortuosity and decrease 
in porosity (Eq. (4)).

In addition, PAHs broke through the cap at least 50 or 
150 days later, respectively in the case of sediment covered 
with a low-biochar- or high-biochar-enriched cap, compared 
to a cap with only bentonite (Fig. 2). This breakthrough delay 
is likely due to PAH sorption on biochar, which is consist-
ent with higher PAH concentrations measured in the biochar-
enriched cap compared to bentonite cap after 100 and 386 days 
of experiment (Fig. S5). For example, 15-PAH measured in the 
high-biochar cover was 94% higher after 100 days and 64% 
higher after 386 days than that measured in the bentonite cover.

The effect on reduction in flux was variable among the 
various PAH compounds, with generally stronger reductions 
in flux for PAHs with higher log  Kow (correlation coeffi-
cient of 0.8 or R2 = 0.6; Fig. S7). For example, the reduction 
in flux for a cap with low biochar (D samples) was 39% 
for acenaphtylene (log Kow = 3.8 (Smedes 2019)), 95% for 
fluoranthene (log Kow = 5.3) and 100% for chrysene (log 
Kow = 6; Table 3).

3.3  Diffusive flux of metal(loid) elements

3.3.1  Diffusion of redox‑inactive elements

As an example of a redox-inactive element that does not sig-
nificantly sorb to biochar, Mg behaviour was consistent with 
pure diffusion from sediment to water in a closed system, 
i.e. where water is a finite sink (Figs. 3 and S13). Indeed, 
concentration of Mg in water above uncapped sediment 
increased fast at start, then slower with time, converging 
to equal porewater concentration. Similar behaviours were 
observed for Ca and Si (Fig. S7).

The concentration of Mg increased significantly more 
slowly above capped sediment than above uncapped sediment 
(Fig. 3). The fact that capping limited Mg diffusion is qualita-
tively consistent with the diffusion model showing a smaller 
slope of diffused mass as a function of time (Fig. S13).

Table 3  Fluxes of 15-PAH and PAH compounds found in high concentrations, expressed in mg  m−2  day−1, along with the reduction in flux (RE) 
compared to non-capped sediment (treatment A). All PAHs are shown in Table S7

Treatment A B D E RE_B RE_D RE_E

15-PAH 2.5 1.1 1.0 0.87 56% 60% 65%
Acenaphtylene 0.12 0.12 0.07 0.01 0% 39% 92%
Phenanthrene 0.77 0.39 0.34 0.42 49% 56% 45%
Anthracene 0.18 0.07 0.02 0.026 62% 87% 86%
Fluoranthene 0.73 0.18 0.03 0.10 75% 95% 86%
Chrysene 0.06 0.01 0.0001 4.0E-19 79% 100% 100%
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Biochar addition to the bentonite cap did not significantly 
limit Mg diffusion, suggesting that Mg concentrations were 
not affected by sorption to biochar (Fig. 3).

3.3.2  Evolution of pH and Fe, S and  O2 concentrations 
above the sediments

In the experiment presented, the conditions were initially 
dysoxic, with less than 1 mg  L−1  O2 in the water above sedi-
ment, which corresponds to the lower values of concentra-
tions measured in the field (1–2 mg  L−1).

During the first week, Fe concentrations built up above 
the uncapped sediment, in consistence with a diffusion 
process (Fig. S13). In contrast, Fe concentration dropped 
between 7 and 16 days. Concerning S concentration above 

uncapped sediments, they increased up to 8 µg  L−1 during 
the first 7 days, then faster. However, in the case of covered 
sediment, after the first 10 days (i.e. under oxic conditions 
in water), Fe and S concentrations did not increase.

In addition, capping led to higher pH values, especially right 
after application of the cap (Fig. S9). This is explained by the 
high pH measured in biochar (pH 10) and in bentonite (pH 9).

3.3.3  Effect of capping on the diffusion of Arsenic

As diffusion from the uncapped sediment followed a pattern 
similar to that observed for Fe, with concentration increasing 
under dysoxic conditions and dropping under subsequent 
oxic water conditions (after day 10). All the caps tested 
limited As diffusion under dysoxic conditions, i.e. during 

Fig. 3  Concentration of Mg (a), S (b), Fe (c) and As (d) in the water phase as a function of time. Error bars are standard deviations (see details 
in the methods section)

Table 4  Mg and As fluxes based on the slope of concentrations as a 
function of time during the first 6 h of experiment for A and C sam-
ples, or right after breakthrough for covered B, D and E samples, i.e. 

between day 4 and the following time point (day 8). RE is the cor-
responding reduction in flux compared to uncapped sediment ({2})

A B D E Model sed Model cap

Mg
  Initial flux (ng  cm−2  s−1) 0.9 0.04 0.04 0.04 4 0.2
  RE (%) 99 99 99 96

As
  Initial flux (µg  cm−2  s−1) 1 0.1 0.1 0.2 3 0.3
  RE (%) 100 100 100 88
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the first week, with an almost 100% reduction in diffu-
sion rates (Figs. 3 and S12, Table 4). However, when the 
water became oxic, As concentrations continued to increase 
above the capped sediment (Fig. 3), following a pattern con-
sistent with diffusion through the cap for at least the first 
32 days (Fig. S13). As a result, As concentrations eventu-
ally increased to higher values above the capped sediments 
compared to above the uncapped ones. The negative effect 
of capping under oxic water conditions was stronger in the 
case of biochar-enriched coverings (Fig. 3).

4  Discussion

4.1  Capping with biochar‑enriched thin layer 
is effective for limiting PAH diffusion

This study shows that a thin cap with bentonite and biochar 
can significantly reduce the flux of PAHs diffusing to water, 
and to a greater extent than capping with bentonite alone, 
confirming the working hypothesis H1. Capping with ben-
tonite alone also led to a significant flux reduction for most 
of PAH compounds (Fig. 2, Table 4). This positive effect 
of bentonite capping can for a large part be explained by 
the increase of diffusion boundary layer thickness (Eek 
et al. 2008). Bentonite can also sorb PAHs to a small extent 
(Cornejo et al. 2015; Fig. S6), delaying slightly the break-
through. The observed bentonite effect on sediment-to-water 
PAH fluxes is also consistent with a previous study which 
showed that capping with clay and activated carbon was more 
effective at limiting PAH diffusion (and PAH porewater) than 
activated carbon alone (Cornelissen et al. 2011).

The effectiveness of biochar for PAH remediation in sedi-
ments was already shown in several studies (Bianco et al. 
2021 and references therein). The reduction in PAH diffusion 
flux will depend on PAH concentrations in sediment, sedi-
ment composition more generally, and remediation time, bio-
char dosage and manufacture, pH, etc. (Bianco et al. 2021). 
For comparison, while under the conditions of this experi-
ment, the biochar capping reduced 15-PAH fluxes by 60 to 
65% through a cover of 0.7 to 1.8 kg.m−2 of biochar after 
386 days (Table 3), in situ thin capping with 5 kg  m−2 of 
activated carbon reduced PAH fluxes from sediments in the 
Trondheim Harbour by 50 to 90% after 1 year of remediation 
(Cornelissen et al. 2011). As another example, in estuary sed-
iments contaminated with 8 mg  kg−1 16-PAH, Gomez-Eyles 
and Ghosh (2018) showed that addition of 5 wt% biochar to 
sediments led to a removal of 98% in porewater after 28 days.

In addition, our results show variable flux reductions 
depending on PAH compounds. We hypothesise based on 
a significant correlation between reductions in diffusion 
fluxes and log Kow (Fig. S7) that the main driver of this 
variation is the compound’s hydrophobicity. This would be 

consistent with increasing effectiveness of biochar covers 
with increasing PAH hydrophobicity as observed by Silvani 
et al. (2017). These authors explained this behaviour by sug-
gesting that more hydrophobic compounds would be less 
soluble in the porewater and more adsorbed onto the hydro-
phobic aromatic functional groups of the biochar sorbent.

4.2  Effect of the capping on redox conditions 
and Fe (oxyhydr)oxides precipitates

The Fe concentration changes (Fig. 3) are interpreted to reflect 
the evolution of oxygen concentration in the water above sedi-
ment. Fe concentrations building up above uncapped sedi-
ments were likely in the form of Fe(II), while the drop in Fe 
concentration between 7 and 16 days suggests oxidation of 
Fe(II) to Fe(III) and subsequent precipitation, most likely as 
Fe (oxyhydr)oxides. Consistently, an orange precipitate was 
observed at the surface of uncapped samples (Fig. S10).

In addition, concentrations of sulphur (S) are interpreted 
to reflect the redox conditions deeper in the sediment. 
Indeed, the sediment contains pyrite (Table S1) which gen-
erates Fe(II) and sulphate ions upon oxidation. While Fe(II) 
quickly oxidizes into insoluble Fe(III), sulphate ions are gen-
erally more soluble. The fact that S concentrations increased 
steadily above the uncapped sediment (A and C), instead 
of reaching a maximum, and far above the concentration 
of 50 µg  L−1 that would be consistent with a pure diffusion 
process (Fig. S13), suggests that pyrite in the uncapped sedi-
ment oxidized when the atmosphere became oxic and oxygen 
diffused through the water layer to the sediment. However, 
the fact that Fe and S concentrations did not increase after 
day 10 in the case of covered sediment suggests that pyrite 
did not oxidize even when water above the sediment was 
under oxic conditions, probably because the cover limited 
the diffusion of oxygen downwards towards the sediment. 
Therefore, the cap may have favoured anoxic or/and reduc-
ing conditions. Ndungu et al. (2016) also observed anoxic 
conditions in capped sediments in boxcosms, with nearly 
0%  O2 saturation below 1 cm. In addition, Bessinger et al. 
(2012) previously predicted, using a 1-D biogeochemical 
transport model, that covering estuarine sediments with 1 m 
sand would lead to sulphate-reducing conditions, prevent-
ing the precipitation of Fe (oxyhydr)oxides. These authors 
emphasised the importance of thickness dimensioning for 
determining effects on redox processes. In our case, the cap-
ping is thin (1.5 cm) but the fine material used (biochar and 
bentonite) led to oxygen diffusion limitation.

4.3  Trade‑off effects of biochar capping on arsenic 
as a redox‑sensitive element

Biochar-enriched thin capping not only limited the diffusion 
of metal(loid) elements but also changed the pH and 
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redox conditions of the experimental system. The most 
important finding of our study is that capping may result 
in negative trade-off effects on the transport of redox-
sensitive metal(loid) elements like As, as stated in the 
working hypothesis H2. Even though capping was effective 
for limiting As diffusion under dysoxic conditions, it led 
to reducing conditions closer to the surface and higher 
As mobility under oxic water conditions. Several studies 
indicate that biochar amendments can result in increasing 
As mobility from other types of environments like paddy 
soils (Wang et al. 2017; Qiao et al. 2018) or mine tailing 
sediments (Chen et al. 2016).

One interpretation is that the higher As flux is due to 
lower amounts of Fe(III)-(oxyhydr)oxide available for As 
sorption at the surface of the capped samples compared to 
uncapped ones. As discussed above (4.2), more Fe diffused 
to the water and precipitated above the uncapped sediment 
compared to capped sediment. The correlation between 
As and Fe concentrations above uncapped sediment sug-
gests As co-precipitation with or sorption on Fe (oxyhydr)
oxides formed at the surface (Fig. S10). Such processes are 
common in the environment due to high affinity of As for 
Fe (oxyhydr)oxides (Stollenwerk 2003). Bessinger et al. 
(2012) also predicted that covering estuarine sediments 
with 1 m sand would hinder the precipitation of Fe (oxy-
hydr)oxides and thus lower the mineral surface availability 
for As sorption. In the case of our experiments where the 
surface layer of Fe (oxyhydr)oxides was mixed with the 
sediment prior to capping, electron shuttling effects of bio-
char could also have to some extent stimulated the reduc-
tion and dissolution of Fe (oxyhydr)oxides in contact with 
biochar, releasing sorbed As (Kappler et al. 2014; Chen 
et al. 2016) and resulting in the higher As flux observed in 
test C than in test A.

Another explanation for the greater As diffusion with 
capping under the conditions of this experiment is that pore-
water pH increased locally due to high alkalinity of the cap-
ping material (Fig. S9; Mohan et al. 2007). Indeed, arsenate 
sorption on Fe (oxyhrdr)oxides is generally weaker at higher 
pH (Sigg and Stumm 1981; Stollenwerk 2003).

Under field conditions, the system would not be closed; 
therefore, pH in the shallow cover would be buffered by sea 
water, and pH effects on metal(loid) mobility would likely 
be less pronounced. However, over time, the old As-enriched 
Fe (oxyhydr)oxides layer could get reduced after burial 
under a capping layer. The consequence of this could be 
that As sorbed on Fe-(oxyhydr)oxides is remobilized, lead-
ing to an increase in As concentrations in porewater in the 
top sediment layer. In addition, if the conditions were reduc-
ing enough for As(V) to be reduced to As(III), As could 
become more toxic (He et al. 2009). The effect of increased 
As concentration in the porewater (CAs_pw) could be abated 
by increasing the thickness of the cap (hcapd) (Eq. (4)).

Even though capping could enhance As migration to 
the water, it could also lower the As concentration at the 
seafloor surface where benthic organisms live, at least for 
a time. Indeed, in the field, the surface of the sediment is 
naturally covered by a layer of Fe (oxyhydr)oxides (Fig. S1). 
This layer of Fe (oxyhydr)oxides provides a natural sorption 
trap for As, concentrating As at the surface where benthic 
organisms live. Capping, by limiting Fe and As diffusion 
and hindering precipitation of Fe (oxyhydr)oxides, could 
decrease the amount of As at the seafloor and protect organ-
isms from being exposed to older As-enriched Fe (oxyhydr)
oxides layers. The positive effect of the cap on diffusion 
limitation and on limiting the abundance of As-rich Fe (oxy-
hydr)oxydes at the surface, relative to the negative on As 
mobility and relative to eventual natural deposition of exog-
enous Fe-rich minerals, should be further studied.

In addition to As, trade-off effects of thin-layer capping 
could exist for other redox-sensitive elements. For example, 
Hg methylation could be favoured under the more reducing 
and sulphate-rich conditions induced by capping. Capping 
with activated biochar has been observed to increase Hg 
methylation (Sørmo et al. 2022). However, this methylation 
was offset by stronger sorption of methyl-Hg by the biochar. 
In the present study though, total Hg fluxes were reduced by 
capping (Fig. S14).

Microbiological and algal activity, as well as biodeg-
radation, vary with seasons, and microbial compositions 
and benthic organisms are likely to be influenced by the 
addition of biochar (Zhang et al. 2020; Yang et al. 2021), 
increasing the complexity of the biogeochemical effects of 
a biochar-enriched thin cap compared to the experimental 
system presented.

5  Conclusions

This study is one of the firsts to report that a biochar-amended 
thin capping strongly reduces upwards diffusion of PAHs and 
thus would have a positive effect on PAH contamination lev-
els in the sediment/sea interface where benthic organisms are 
living. However, the capping could lead (locally) to higher 
pH and reducing conditions at the sediment/capping interface, 
inducing the mobilisation of redox-sensitive contaminants such 
as arsenic, or potentially methylation of mercury. This study 
demonstrates the need for (site-specific) in situ investigation of 
As and Hg speciation to reveal the net effects a biochar-based 
capping would have on a site with mixed contamination.
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