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Abstract
Purpose As the formation of toxic and bioaccumulative methylmercury (MeHg) in Hg-contaminated sediments is of great 
concern worldwide, suitable remediation options are needed. Activated carbon (AC) amendment is a contested alternative due 
to uncertainties surrounding sorption efficiency and its potential role in aiding MeHg formation. The purpose of this study 
was therefore to demonstrate AC performance under favourable conditions for Hg-methylation and to further understand the 
role AC plays in the methylation process.
Materials and methods Mercury-contaminated sediment (57.1 mg  kg−1) was sampled from the Gunneklev fjord, a site 
known as the most heavily contaminated fjord in Norway. In a laboratory experiment, lignite AC (A-AC, 5%) or activated 
biochar (A-BC, 5%) along with dried algae biomass, serving as an excess source of easily degradable organic matter (OM) 
and sulphate, were added to sediment samples that were kept anoxic and dark over a period of 12 months.
Results and discussion The amount of MeHg in sediment and porewater of the amended samples were measured at 0, 1, 3, 
6, and 12 months and compared to an unamended control. A net increase of MeHg in the sediment was observed in both 
control and amended samples, but contrary to expectations, sediment MeHg was 5 and 3 times higher in the A-AC and 
A-BC treatments, respectively, relative to the control after 12 months. As the stimulation of Hg-methylation could not be 
attributed to the sorbents supplying more available OM or sulphate for dissimilatory sulphate reduction, it is speculated that 
the sorbents rather aid this process through shuttling of electrons between the substrates involved. Meanwhile, the A-AC 
and A-BC amendments strongly reduced the available MeHg-concentration in porewater (by 87% for A-AC and by 93% for 
A-BC after 12 months), confirming that AC sorbents can be used to effectively limit the transport of MeHg from sediments.
Conclusion When considering remediation of OM-rich Hg-contaminated sediments with AC, caution is thus warranted, as 
the overall effect of reducing MeHg-transport out of the sediment could partly be offset by an increased fraction of MeHg in 
the sediment. Thin-layer capping with AC might therefore be preferable to complete mixing of AC and sediment.
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1 Introduction

Mercury (Hg) pollution is a widespread contamination 
issue throughout the world, in industrial as well as remote 
areas (Fernandez-Luqueno et al. 2013). Methylation of 
inorganic Hg to methylmercury (MeHg) takes place under 
anoxic conditions and increases the overall risk of Hg due 
to the higher toxicity and bioaccumulation potential of 
MeHg as compared to inorganic Hg (Magos et al. 1985; 
Ullrich et al. 2001; Clarkson et al. 2003). Biotic meth-
ylation processes dominate overall MeHg production in 
most systems (Ullrich et al. 2001), and sulphur reducing 
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bacteria (SRB) have been identified as the main methyla-
tors in marine sediments (Regnell and Watras 2019).

Below the top millimetres to centimetres, contaminated 
coastal marine sediments are often anoxic (Dell’Anno et al. 
2009), and conducive to the formation of MeHg, especially 
in the presence of fresh, easily degraded organic matter 
(OM) that can serve as electron donor (Ndungu et al. 2016). 
Hg contamination is often so widespread that traditional 
dredging and containment technologies are not feasible. 
However, the placement of sand or clay caps as remediation 
measures can lead to an upward extension of anoxic condi-
tions in initially oxic sediments and subsequently result in 
increased MeHg formation (Johnson et al. 2010). On the 
other hand, Ndungu et al. (2016) demonstrated that although 
a thin clay capping layer increased MeHg formation, OM 
added as algae was the limiting factor in this process and the 
cap succeeded in reducing the release of said MeHg. Due 
to the contentious effect of other remediation approaches, 
addition of actively sorbing materials such as biochar or acti-
vated carbon (AC) has been suggested as a methodology to 
reduce total Hg (THg) and MeHg porewater concentrations, 
and thus risk (Gomez-Eyles et al. 2013).

Biochar is a highly carbonaceous material made through 
the heating of biomass in the absence of oxygen (pyrolysis), 
while AC is a term used to describe carbonaceous materi-
als (often hard coals such as lignite or anthracite) that have 
been subjected to an activation process to increase poros-
ity and optimize surface chemistry (Hagemann et al. 2018). 
Traditional AC manufactured from fossil hard coal has been 
shown to exhibit effective sorbent properties (Cornelissen 
et al. 2012; Patmont et al. 2015), but biochar has the advan-
tage of being a more sustainable option for sediment reme-
diation in a life cycle perspective (Sparrevik et al. 2011; 
Alhashimi and Aktas 2017). It should be noted however that 
the sorbent properties of biochars vary greatly with feed-
stock, pyrolysis temperature and retention time (Lehmann 
and Joseph 2015). AC has been proven to function well for 
hydrophobic organic chemicals (Ghosh et al. 2011; Patmont 
et al. 2015). A few studies have shown that AC, and to a 
slightly lesser extent biochar, also bind Hg, and especially 
MeHg, very strongly (Kong et al. 2011; Gomez-Eyles et al. 
2013). This is especially true for sediments that show intrin-
sically weak sorption of Hg and MeHg (Gilmour et al. 2013).

There is no scientific consensus on the effect of biochar 
and AC on total MeHg in sediments. For example, Bussan 
et al. (2016) measured reduced Hg-methylation rates in 
environmentally contaminated sediments with both AC 
and biochar. However, no measurements of porewater or 
bioavailability were done. One study found total sediment 
concentration of MeHg to stay constant upon AC amend-
ment (Gilmour et al. 2013), whereas another field study 
on AC and biochar amendment to sediment by the same 
group observed enhanced MeHg formation, especially in 

the presence of biochar that added more degradable OM 
than AC (Gilmour et al. 2018). Around 20% of biochar 
carbon is not stable over prolonged time periods of more 
than a decade (Lehmann et al. 2009), and the labile car-
bon released may serve as an electron donor for bacte-
ria in the Hg methylation process Also Liu et al. (2018), 
in a 500-day microcosm study where various biochars 
were added to Hg-contaminated sediment, observed 3- to 
tenfold increase in total MeHg contents in the sediment, 
especially for high-temperature chars (600–700 °C). Two 
studies on inundated rice paddies found increases in over-
all MeHg concentrations in the paddy soils upon the addi-
tion of biochars, by 20–80% (Shu et al. 2016) and 5–75% 
(Zhang et al. 2018). It is unknown why AC and biochar 
have been observed to stimulate MeHg production, but 
the main hypothesis seems to be that the addition of AC 
or biochar might provide additional OM or sulphate that 
in many systems are limiting factors for Hg-methylation.

The net MeHg porewater concentration following amend-
ment is expected to be the result of the extent of MeHg 
produced through methylation and the amount of MeHg 
removed through the partitioning to the sorbents. Previously, 
the extensive sorption effect was observed to be stronger 
than the MeHg formation effect, leading to overall lower 
MeHg bioavailability despite the formation of MeHg (Shu 
et al. 2016; Gilmour et al. 2018; Liu et al. 2018; Zhang et al. 
2018). As mentioned above, however, methylation was likely 
limited in these studies by the access of methylating bacteria 
to suitable electron donors and acceptors.

More work is thus needed to better understand the possible 
limitations of AC or biochar amendment of Hg-contaminated 
sediment. To this end, a highly Hg-contaminated marine 
sediment was amended with AC made from fossil hard coal 
(A-AC), as well as an activated biochar made from coconut 
shell (A-BC), and analysed for MeHg concentrations in both 
the sediment and the porewater at various time intervals.

In contrast to previous studies on sorbent amendments 
of Hg contaminated sediments where MeHg production 
was limited by the presence of OM or sulphate, sorbent 
effectiveness is here tested in a scenario where there are 
no limiting factors for methylation. Such a scenario is 
considered relevant in a purely mechanistical perspec-
tive but also relevant as a scenario where an OM-rich 
sediment with favourable conditions for methylation is 
amended. Furthermore, this study offers a comparison 
between the efficiency of the more sustainable activated 
biochar sorbent compared to a traditional activated car-
bon made from fossil hard coal. Porewater concentra-
tions were used as a measure of amendment efficiency 
as this fraction is both relevant for uptake in organ-
isms (Amirbahman et  al. 2013; Gilmour et  al. 2013) 
and transport from the sediment to the water column 
(Ndungu et al. 2016).
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The following hypotheses were tested: (H1) A-AC and 
A-BC sorbent amendment will not enhance MeHg produc-
tion in a system where excess amounts of OM and sulphate 
are present and (H2) Both A-AC and A-BC amendments 
will prove effective for sediment Hg-remediation by strongly 
reducing porewater MeHg concentrations.

2  Materials and methods

2.1  Study site

The Gunneklev fjord is a 0.76-km2 fjord in the inner part 
of the larger Inner Grenlandsfjord (Frierfjord) in the prov-
ince of Telemark, Norway (Fig. 1). The Gunneklev fjord is 
closed off between the Herøya peninsula and the mainland, 
with a small inlet at the outlet of the Skien River. There 
is also a small outlet in the other end of the fjord through 

a small channel, built as an exit from the Gunneklev fjord 
into the Inner Grenlandsfjord for small recreational boats 
from the marina situated in the inner part of the Gunneklev 
fjord. The Gunneklev fjord is a brackish fjord (salinity 5–20 
PSU in the bottom water (Olsen et al. (2018) and refer-
ences therein) with an average depth of 4.6 m and water 
volume of 3.5 ×  106  m3. It is one of the most polluted fjord 
systems in Norway due to historic release of Hg-containing 
sludge from a chlor-alkali plant (Olsen et al. 2018). Previous 
studies have shown sediment concentration ranges of total 
mercury (THg) ranging from 2 to 5 mg  kg−1 at the 0–5 cm 
surface layer to 500 mg  kg−1 at 10–20 cm depth, and MeHg 
of 1–3 µg  kg−1 at the surface to 300 µg  kg−1 at 10–20 cm 
depth (Olsen et al. 2018). It has been estimated that the fjord 
contains about 20 to 30 tonnes of Hg, of a total of 80 tonnes 
released from Herøya Industrial Complex between 1947 
and 1987 (Olsen et al. 2019). Despite the high sediment 
concentrations, Hg concentrations in the water column are 

Fig. 1  Map showing the sampling point in the heavily contaminated Gunneklev Fjord, with the adjacent Herøya Industrial Complex at the inner-
most part of the Grenland Fjord in Telemark Province, Norway 
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not significantly higher than in nearby freshwater lakes fed 
by atmospheric Hg-transport, but the Hg concentrations in 
fish are elevated, indicating that the legacy pollution is still 
accumulating in the food webs (Braaten et al. 2019).

2.2  Sediment sampling

Surface sediment was sampled using a Van Veen grab sam-
pler at approximately 0–10 cm depth. The sample was col-
lected at latitude 59.12528859 and longitude 9.636577517 
(WGS 84, UTM32), in a PE bucket (20 L) with a sealed lid, 
which was stored cold (4 °C) and dark until use.

2.3  Experimental setup

The bulk sediment sample was homogenized through slow 
stirring (≈10 min) and split into three subsamples (≈5 L 
each): (1) Control, (2) A-AC amendment, and (3) A-BC 
amendment. Each of the three subsamples was added chlo-
rella algae (2% per d.w. sediment). Similar to the study by 
Ndungu et al. (2016), Chlorella algae was obtained from 
a Naturalis AS, Norway — a pure (100% algae) and dried 
powder, sold as a dietary supplement.

The A-AC and A-BC were then added (5% of d.w.) to 
subsamples (2) and (3), respectively (see section below for 
more details about the sorbents). All three subsamples were 
then homogenized thoroughly by stirring (≈10 min) before 
they each were split into five identical, pre-cleaned glass  
jars (500 mL) that were to represent a time series of 0, 
1, 3, 6, and 12 months.  The glass jars were filled nearly 
to the rim and topped off with saltwater from 60 m depth 
collected at the Norwegian Institute for Water Research 
(NIVA) research station at Solbergstrand, Norway, before 
they were sealed with lids and stored dark at 20 °C until the 
completion of the respective time series. Gas produced in 
the sealed jars was released at regular intervals by carefully 
loosening the lid.

This experimental setup was chosen to mimic stratified 
marine waters with little or no exchange in the water column 
above the anoxic sediment surface. When contaminated with 
Hg, such locations are considered among potential hot spots for 
methylmercury production (Ullrich et al. 2001; Hammerschmidt 
and Fitzgerald 2004; Merritt and Amirbahman 2009; Dai et al. 
2021). Not exchanging the water above the surface sediment 
might lead to a higher accumulation of MeHg in porewater and 
sediment, as according to Fick’s first law (Fick 1855), diffusive 
flux is controlled by the concentration gradient. This potential 
artefact is not considered an issue as it would further promote 
the high MeHg environment; the experimental setup was cre-
ated to promote.

2.4  Sorbent materials

One fossil hard coal-based AC material fabricated from lig-
nite (A-AC; BP2 fine powder) and one activated biomass-
based material fabricated from coconut shells (A-BC; acti-
vated biochar; CP1 fine powder) were obtained from Jacobi 
Carbons, Kalmar, Sweden. Both AC qualities were of the 
same particle size range (average particle size 20 µm, 80% 
smaller than 45 µm) and were produced using high tempera-
ture steam activation. Steam activation generally requires 
temperatures > 850 °C (Marsh and Reinoso 2006). The char-
acteristics of these materials have extensively been described 
in Amstaetter et al. (2012). A-AC exhibited a large portion 
of pores > 15 Å (541  m2  g−1). In contrast, a clear dominance 
of narrow pores in the size range of 3.5–15 Å was observed 
for the A-BC, and almost 10 times lower pore surface 
area > 15 Å (61  m2  g−1) than A-AC. The volume of larger 
pores > 15 Å in A-BC (0.053  cm3  g−1) was much lower than 
that in A-AC (0.602  cm3  g−1). In contrast, both the 3.5–15 Å 
pore surface area and volume were larger for the biomass-
based A-BC (977  m2  g−1 and 0.322  cm3  g−1, respectively) 
than for the coal-based A-AC (726  m2  g−1 and 0.268  cm3  g−1, 
respectively) (Amstaetter et al. 2012).

2.5  Sediment and porewater characterization

Porewater was extracted from sediment samples through 
centrifugation (5000 rpm) of approximately 400 g sedi-
ment in pre-cleaned Teflon vials. The separated pore water 
phase was pipetted off into pre-cleaned glass vials (50 mL). 
The samples could not be analysed immediately and were 
therefore frozen after centrifugation to inhibit further meth-
ylation/demethylation of Hg and stored dark until analysed. 
Freezing samples is an accepted way of inhibiting changes in 
speciation post sampling induced by bacterial activity (Carr 
et al. 2001), and is commonly used for sediment samples for 
Hg analysis (Lutz et al. 2008). Freezing unfiltered porewater 
could alter distribution between dissolved and particle bound 
species, but post centrifugation particle content will be low 
and negligible effects are assumed (Carr et al. 2001). Freez-
ing centrifuged porewater samples could potentially alter 
the DOC content however (Peacock et al. 2015), but as DOC 
was expected to be present in excess, this potential artefact 
was considered an acceptable trade off.

Aqueous (porewater) total Hg (THg) and MeHg was ana-
lysed following USEPA method 1631  and method 1630  
as described in Braaten et al. (2014), including filtration at 
0.45 µm, oxidation (for THg) and distillation and ethylation 
(for MeHg) followed by purge/trap and cold vapour atomic 
fluorescence (CVAFS) detection. Method detection levels 
(MDLs) were 0.02 ng  L−1 and 0.1 ng  L−1 for MeHg and THg, 
respectively (3 standard deviations of method blanks). For 
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both aqueous Hg species, automated systems were used for 
analysis (Brooks Rand Instruments MERX). Relative standard 
deviation (RSD) of sample duplicates was < 10% and < 20% 
for THg and MeHg, respectively. Recoveries of matrix spikes 
were 80–120% for MeHg and 90–110% for THg.

Sediment THg determination was done according to 
USEPA method 7473 using thermal decomposition and 
direct atomic absorption spectrophotometry (AAS) on a 
DMA-80 instrument from Milestone. Analysis of a THg cer-
tified reference material (CRM, Mess-4, marine sediment) 
was within the reported range (0.09 ± 0.04 mg  kg−1). MDL 
for THg was 0.7 µg  kg−1 (3 standard deviations of method 
blanks) and RSD of sample duplicates was < 20%.

The MeHg in sediments was extracted by methods 
described in detail by Bloom et al. (1997). The method 
includes leaching of MeHg from the sediment with potas-
sium bromide (KBr, 18%), sulphuric acid  (H2SO4, 5%), 
and copper sulphate  (CuSO4, 1 M) before extraction of 
the MeHg in the leachates into dichloromethane (DCM). 
The Hg was then back-extracted into DI water (by use of 
Whatman 1 PS silicone treated filter paper) before heating 
(≈70 °C for 5 h). Determination followed USEPA Method 
1630 as described above. Analysis of a MeHg CRM (ERM-
CC580; estuarine sediment) was within the reported range 
(75 ± 4 ng  g−1). MDL was 20 pg  g−1 (3 std.dev. of blank 
extractions) based on a 0.05-g sample weight.

For dissolved organic carbon (DOC) determination, pore-
water samples were filtered through 45 µm syringe filters, 
before being analysed using catalytic combustion and infra-
red detection on an Apollo 9000 from Teledyne Tekmar as 
described in NS-EN 1484. Limit of quantification (LOQ) 
was 0.5 mg  L−1 and method uncertainty < 20%.

The  SO4
2− in porewater was determined by photom-

etry at 420 nm after precipitation of  BaSO4 according to 
ISO15923 by the accredited laboratory ALS Laboratory 
Group Norge AS (ALS). LOD was 0.5 mg  L−1 and method 
uncertainty < 10%. pH of porewater was determined by 
potentiometry according to NS-EN-ISO10523 by ALS.

Sediment total water content was done by titration with 
Karl Fischer reagent (ISO760) with LOQ of 0.01% and 
method uncertainty of ± 9% by ALS. Sediment particle size 
distribution (> 63 µm and < 2 µm) according to internal 
standard CZ_SOP_D06_07_N11 with LOQ of 0.1% and 
measurement uncertainty of ± 0.3% µm for particles > 63 m 
and ± 0.5% for particles < 2 µm by ALS. Total organic car-
bon (TOC) was determined coulometrically according to 
standard DIN-ISO10694 with LOQ of 0.01% by ALS.

2.6  Data analysis

In this experiment, remediation efficiency  (MeHgreduction, 
 THgreduction, %) was defined as the ability of the sorbent 

to reduce the MeHg and THg porewater concentration 
(Cpw, amended,) relative to the control (Cpw,control):

As another measure of degree of sorption of MeHg to 
the sorbents, partitioning coefficients between water and 
sediment (KD) were calculated for the control and the 
sediment and AC sorbent mixtures using the following 
equation:

where Csediment is the concentration in the sediment or sed-
iment + sorbent mixtures and Cpw is the concentration in 
extracted pore water. Under the experimental conditions, 
an anoxic sediment with available substrates for methyl-
ating bacteria, it should however be expected that MeHg  
does not reach a full equilibrium partitioning between  
sediment and water at any point due to continuous meth-
ylation and demethylation processes (Ullrich et al. 2001).  
In comparison to the fast adsorption processes of Hg spe-
cies to AC, where > 80% of the adsorption happens within  
3–6 h according to two studies by Ting et al. (2018) and 
Li et al. (2013), methylation rates are relatively slow — 
0.01  day−1 (Hintelmann et al. 2000). It is therefore realis-
tic to expect that the systems will be close to equilibrium.  
The partitioning coefficients, that assume equilibrium,  
will therefore be pseudo-KD that can be used as a conserv-
ative and comparative estimate of the sorption strength of  
the different sorbent amendments.

Single linear regression analyses and t-tests were done 
using the software R (v.3.4.3), and results were considered 
significant for p < 0.05.

2.7  Quality control and assurance

Due to economic constraints, sample time points (sedi-
ment jars) were not replicated. The method uncertainty, 
which is related to the degree of homogenization of bulk 
samples before splitting and whether splitting and subse-
quent treatment of individual sample jars led to variation 
in contents or conditions, was tested by analysing sedi-
ment THg in all sample jars. THg in the sediment is not 
expected to change. As Fig. 2H shows, there were no appar-
ent trends in sediment THg and no statistically significant 
differences between the control and the two amendments 
(t-test, p < 0.05). The average sediment THg concentra-
tion across all treatments and time points (n = 15) was 
52.5 ± 5.3 mg  kg−1, amounting to a 10.1% relative standard 
deviation of the method. The analytical uncertainty how-
ever (Sect. 2.4) was equal to or higher than 10% for all 
parameters in the time series studied (THg — 10%, MeHg 

(1)Hgreduction =

(

1 −

(

Cpw,amended

Cw,control

))

x 100

(2)K
D
= Csediment∕Cpw
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— 20%, DOC — 20%, and  SO4
2− — 10%). In the absence 

of replications and since the analytical error was higher than 
the method error estimation, the analytical error was used as 
a measure of uncertainty for the individual sampling points.

Fig. 2  A MeHg (ng  L−1), B THg (μg  L−1), C reduction of MeHg and THg (%) — as per Eq. 1, D pH, E DOC (mg  L−1) and F SO4 2- (mg  L−1) 
in porewater, and G MeHg (μg  kg−1) and H) THg (mg  kg−1) in sediment. Error bars show the analytical uncertainty
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3  Results

3.1  Sediment characterization

The sediment from the Gunneklev fjord had a high water 
content (84 ± 9%) and a large amount of fine particles, 
with 90.6% of the particle diameter distribution being 
between 63 and 2 µm, and 3.0% below 2 µm. Furthermore, 
the sediment had an original TOC content of 5.56% d.w. 
and a porewater pH of 8.1, with  SO4

2− and  S2− concentra-
tions of 900 mg  L−1 and 0.12 mg  L−1, respectively. Add-
ing algae biomass (2% d.w.) to the samples supplied the 
sediment with about 1% of d.w. organic carbon, resulting 
in an immediate porewater DOC concentration of 90 mg 
 L−1, while increasing the porewater  SO4

2− concentration 
to 1600 mg  L−1 and lowering the pH to 7.6. At the onset 
of the experiment time series (t0, 0 months), THg sediment 
content was 57.1 mg  kg−1, of which 0.9 µg  kg−1 (0.0015%) 
was MeHg. The MeHg concentration is in the lower range 
of what has previously been reported for the Gunneklev 
fjord (Olsen et al. 2018), and could have been affected 
by of aerobic demethylation during sample preparation 
(Ullrich et al. 2001).

3.2  Methylmercury production in porewater
and sediment

Figure 2 shows development of porewater MeHg, THg, 
DOC and  SO4

2−, and sediment MeHg and THg over the 
duration of the experiment (0–12 months), while a full list 
of concentrations is presented in the supporting informa-
tion (SI, Table S1).

The initial concentrations of MeHg in pore water and sedi-
ment were 9 ± 2 ng  L−1 and 0.9 ± 0.2 µg  kg−1, respectively 
as measured in the unamended control sample (i.e. in the 
presence of algae but without sorbent) at time zero (Fig. 2A). 
Conditions proved favourable for Hg-methylation under the 
regime of the experimental setup, as a sharp increase in MeHg 
porewater concentration was observed in the control during 
the first month of the trial, increasing from the initial 9 ± 2 to 
393 ± 79 ng  L−1. In the following months, the porewater con-
centration varied, by first dropping to 147 ± 29 and 18 ± 4 ng 
 L−1 after 3 and 6 months, respectively, before increasing to 
63 ± 13 ng  L−1 after 12 months (Fig. 2). The MeHg sediment 
concentration showed a similar trend: first a sharp increase, 
from 0.9 ± 0.2 to 18 ± 4 µg  kg−1, after 1 month, then a drop 
to 8 ± 2 and 6 ± 1 µg  kg−1 after 3 and 6 months, respectively, 
before a final increase to 38 ± 8 µg  kg−1 after 12 months 
(Fig. 2G).

The porewater concentrations of MeHg in the A-AC 
treated sediment were 8–100 times lower than those of 

the control but showed a similar trend over time: 1.2 ± 0.2, 
3.7 ± 0.7, 7 ± 1, 0.8 ± 0.2, and 8 ± 2 ng  L−1 after 0, 1, 3, 
6, and 12 months, respectively (Fig. 2A). In the A-AC 
treatment however, MeHg concentrations in the sediment 
increased exponentially over the time of the experiment 
(R2 = 0.8299, p = 0.031), ending up with a concentration 
(199 ± 40 µg  kg−1) which was 5 times higher than in the 
unamended control (38 ± 8 µg  kg−1) after 12 months. The 
difference between control and A-AC treatment was appar-
ent after 3 months, at which sediment MeHg concentration 
was twice that of the control.

The A-BC treatment showed a slightly different trend 
than the A-AC treatment (Fig. 2A), as MeHg porewater con-
centrations decreased from the onset (3.8 ± 0.8 ng  L−1) all 
the way to the 6-month mark where the concentration was 8 
times lower than in the A-AC treatment (A-AC 0.8 ± 0.1 ng 
 L−1 vs. A-BC 0.06 ± 0.01 ng  L−1). Similar to the A-AC treat-
ment, an increase in porewater concentration was seen in the 
A-BC treatment between 6 and 12 months, from 0.06 ± 0.01 
to 4.5 ± 0.9 ng  L−1. Overall, sediment MeHg concentrations 
were lower in the A-BC treatment compared to the A-AC 
treatment, but as for the A-AC treatment, MeHg sediment 
contents in the A-BC treatment increased exponentially over 
time (R2 = 0.8122, p = 0.037) and ended with a MeHg con-
centration 3 times higher than the control after 12 months 
(A-BC 116 ± 23 µg  kg−1 vs. control 38 ± 8 µg  kg−1). Unlike 
the A-AC treatment however, there was no apparent differ-
ence between MeHg sediment concentrations until after 
12 months.

The trends of THg concentration in porewater were simi-
lar to those of MeHg in porewater for both the control and 
the two treatments over the 12-month span (Fig. 2B). In 
the control sample, there was a strong positive linear cor-
relation between THg and MeHg in porewater (R2 = 0.9828, 
p < 0.001). This correlation was less strong in the amended 
samples (R2 = 0.6728, p = 0.033).

The pH did not change notably over the course of the 
experiment however (Fig. 2D) — an initial increase was seen 
between the onset and 1 month, but thereafter pH stayed at 
approximately 9.5 in the control and both treatments. Alka-
line ash components usually found in carbonaceous materi-
als (Lehmann and Joseph 2015) are likely responsible for the 
difference in pH between control and treatments at t0, but the 
increase to pH ≈ 9.5 is probably the cause of consumption 
of  H+ during the anaerobic reduction of labile OM (Canfield 
et al. 1993).

Over the course of the first month, the DOC-concentration 
in porewater increased 10–100 times in both the control sedi-
ment and the two sorbent-amended ones (Fig. 2E), most likely 
due to the labile fraction of OM in the added algae dissolving 
as has previously been observed by Ndungu et al. (2016). In 
the control sample, the 1-month spike in DOC-concentration 
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was followed by an increase in both THg and MeHg of 15 
and 44 times the concentration at t0. Ndungu et al. (2016) 
recorded a similar effect in a microcosm study of an isola-
tion capping where excess OM was added, and attributed it 
to ionic Hg partitioning from the sediment into the porewater 
DOC. Fluctuations in DOC-concentrations of about 10–20% 
were observed between 1 and 12 months: 1200 ± 270 mg  L−1 
in the control, 273 ± 53 mg  L−1 in the A-AC treatment, and 
663 ± 59 mg  L−1 in the A-BC treatment. In the control, these 
fluctuations are assumed to be mainly related to anaerobic 
degradation of OM (Canfield et al. 1993). The approximately 
four- and two-times lower DOC concentrations in the A-AC 
and A-BC treatments, respectively, compared to the control, 
are attributed to sorption of OM to the ACs (Bjelopavlic et al. 
1999; Schreiber et al. 2005; Schwartz et al. 2019). The higher 
sorption efficiency of A-AC compared to A-BC could be due 
to the larger share of pores > 15 Å (upper micropore range and 
higher) in the A-AC that allows for better accommodation of 
large organic macromolecules (Bjelopavlic et al. 1999).

The porewater concentration of  SO4
2− however was 

gradually reduced over the course of the whole experiment 
in both control and treatments — the concentrations were 
about 10 times lower after 12 months than at the start (t0) 
(Fig. 2F). This demonstrates the presence and activity of 
SRB in the sediment.

Overall these data show that the addition of fresh organic 
matter in the form of algae strongly stimulated MeHg forma-
tion — after 12 months, the MeHg sediment concentration 
in the control had increased to 45 times the initial concentra-
tion. It appears that the addition of A-AC and A-BC in com-
bination with the algae further stimulated the formation of 
MeHg, as sediment MeHg concentrations were 650 and 300 
times higher in the A-AC and A-BC treatments, respectively, 
compared to the control at time zero. The apparent effect was 
furthermore strongest in the A-AC treatment, where the dif-
ference between control and treatment was significant after 
3 months.

3.3  Remediation efficiency

The A-AC treatment had a strong, immediate remediation 
effect as 86% of MeHg was removed from the pore water 
at t0 (Fig. 2C). The effect was at maximum after 1 month 
(99%) and then declined towards 87% after 12 months. The 
effect of the A-BC treatment had a slower onset as only 56% 
was immediately sorbed at t0. From 1 month onwards to the 
6-month mark, the effect was strong (> 99%), before a drop 
to 93% at 12 months.

The remediation effect for THg was highly variable 
(Fig. 2C). The pool of inorganic Hg in the sediment was 
high compared to MeHg (0.012% MeHg at  t0) and porewa-
ter THg in the control fluctuated over the 12 months of the 
experiment. It is likely that the ACs did not have the capacity 

to continuously sorb all the inorganic Hg released from the 
sediment through desorption processes. Furthermore, the 
apparent high THg-remediation effect seen in the first half 
of the experiment, i.e. 91% and 84% after 1 month and 93% 
and 88% after 6 months for A-AC and A-BC treatments, 
respectively (Table S1), might be partly due to biosorption 
of inorganic Hg by the Chlorella algae biomass (Kumar et al. 
2020; Spain et al. 2021). However, as the algae biomass 
decomposes over time, biosorbed Hg could be released 
back to solution, contributing to the low remediation effect 
recorded at the end of the experiment (A-AC 53% and A-BC 
0%; Table S1).

At t0, the partitioning between porewater, sediment, and 
sorbent had not reached pseudo-equilibrium as there were no 
significant differences in pseudo-log KD between the control, 
A-AC, and A-BC treatments (2.0, 2.4, and 2.0 log L  kg−1, 
respectively (p < 0.05)). The effect of the amendments is illus-
trated by an increase in  KD over time as MeHg is produced 
— between 3 and 12 months, the KD for the amended systems 
were 1.5–2 log units higher than the control. At 12 months, 
both amendments resulted in the same log KD (4.4 L  kg−1).

4  Discussion

4.1  Methylmercury formation

The experimental conditions, where OM and sulphate were 
in excess, strongly stimulated Hg methylation, as the MeHg 
concentrations of the control sample was 45 times higher 
after 12 months compared to t0. The sorbent amendments 
seemed to stimulate methylation even further; the difference 
between MeHg sediment concentration at t0 and 12 months 
were almost an order of magnitude higher in the amended 
samples compared to the control.

The observation that the DOC concentrations were not 
depleted over the course of the experiment (Fig. 2) indi-
cates that Hg methylation was not limited by access to 
organic carbon as an electron donor in this system. Access 
to sulphate as an electron acceptor for SRB also did not 
limit MeHg formation in this experiment, as sulphate 
was not depleted after 12 months (Fig. 2). The observed 
gradual reduction of  SO4

2− (Fig. 2) however shows that 
 SO4

2− likely would limit methylation in this system in the 
long term.

The enhanced methylation seen in the amended samples 
is the opposite of what was hypothesized (H1). Based on 
observations of enhanced Hg-methylation following biochar 
amendment to a salt marsh (Gilmour et al. 2018) and inun-
dated rice paddy soils (Shu et al. 2016; Zhang et al. 2018) 
explained by biochar containing additional labile OM and/or 
sulphate that aided methylation, it was believed that A-AC 
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and A-BC would not enhance methylation in our system 
where these parameters were in excess.

The exact mechanisms of Hg-methylation by the numer-
ous strains of SRB that exist are still not well known, but it 
is generally understood that MeHg is a dissimilatory product 
of the electrochemical process of anaerobic sulphate reduc-
tion where OM typically acts as an electron donor (King 
et al. 1999; Merritt and Amirbahman 2009; Gilmour et al. 
2011). A possible explanation of the increased MeHg forma-
tion in the present study is that the carbonaceous sorbents 
aid dissimilatory Hg methylation by SRB by contributing to 
electron shuttling between the electron donors and accep-
tors via their extensive aromatic free pi-electron systems 
(Chen et al. 2014; Yuan et al. 2017). This speculation is 
supported by the fact that both OM and Hg was found to sorb 
to the AC-sorbents used in this study, meaning that electron 
transfer through the AC-material between OM and Hg is 
a viable alternative mechanism to electron transfer during 
direct contact between dissolved OM and Hg. Biochar has 
been shown to greatly affect soil redox conditions and can 
act as both an electron acceptor and donor due to a diverse 
surface functional group chemistry (Joseph et al. 2015).

Both biochar (Chen et al. 2014; Yuan et al. 2018) and AC 
(Liu et al. 2012) have been found to enhance methanogenesis 
through an electron shuttling mechanism. In biochar applied 
to soil, the shuttling effect was found to be augmented by 
quinone groups on the biochar surface that both accept and 
donate electrons (Yuan et al. 2018). The same mechanism 
has been used to explain biochar’s role in contributing to 
increased reduction of Fe(III) minerals (Kappler et  al. 
2014) and Cr(VI) in soils (Xu et al. 2019). Furthermore, 
electron shuttling has been linked to biochar-assisted reduc-
tive debromination in sediments (Chen et al. 2018). The fact 
that A-AC seemed to stimulate MeHg production to a larger 
degree than A-BC could be explained by A-AC having a 
higher potential for direct interspecies electron transfer as 
Chen et al. (2014) found when comparing biochars to previ-
ously tested ACs. To the authors’ knowledge, the connection 
between electron shuttling and AC induced Hg methylation 
in sediments has not yet been demonstrated. The results from 

the present study are only indicative of such a mechanism, so 
future effort should be put into exploring this aspect.

4.2  Sorbent amendment efficiency

The sorption effect of both AC types for the MeHg was so 
strong that porewater concentrations were 1 to 2 orders of 
magnitude lower than those in the control, and even lower 
than those in the control at time zero before the labile OM 
started stimulating MeHg formation. It should be noted that 
the strong sorbent effect is observed despite the presence 
of high porewater DOC concentrations (> 200 mg  L−1; 
Table S1). Organic matter is known to clog pores and block 
potential binding sites on the sorbent surfaces (Pignatello 
and Xing 1996; Cornelissen et al. 2005). However, it is 
expected that both Hg and MeHg will be complexed with 
OM considering the high DOC porewater concentrations 
(> 200 mg  L−1; Fig. 2E) and the low sulphide concentra-
tion (0.12 mg  L−1; Table 1) (Ravichandran 2004), result-
ing in co-sorption of Hg and OM. It has previously been 
shown that Hg-OM and MeHg-OM complexes have lower 
partitioning coefficients to AC than free Hg(II) and MeHg 
as complexation limits HgS precipitation on AC surfaces 
(Schwartz et al. 2019). Size exclusion of large Hg-OM and 
MeHg-DOC complexes from small pores should also be 
expected (Bjelopavlic et al. 1999). The activated biochar 
has a higher volume of extremely small nano/micropores 
(3.5–15 Å) compared to the A-AC, that has the majority of 
the pore volume in the higher micropore and mesopore range 
(> 15 Å). Considering that both sorbents performed equally 
well in removing porewater MeHg, size exclusion of MeHg-
OM complexes from narrow pores does not appear to be a 
limiting factor for sorbent efficiency in this case.

Strong binding of MeHg to AC and biochar has previ-
ously been reported. Gomez-Eyles et al. (2013) observed 
strong binding of MeHg to both AC and biochar, with 
an up to 92% predicted reduction in porewater concentra-
tions upon biochar amendment. Biochar was only effective 
for MeHg, not for THg. Gilmour et al. (2013) measured 
MeHg and Hg sorption and bioaccumulation with AC, 

Table 1  Characteristics of unamended sediment. Water content (%), particle size distribution (%), TOC (%), THg (mg  kg−1), and MeHg (µg 
 kg−1) of sediment. pH, DOC (mg  L−1),  S2− (mg  L−1), and  SO4

2− (mg  L−1) in porewater

* Control sample at t0
** Calculated based on 2% addition (per d.w. sediment) of Chlorella algae with a carbon content of 50% as reported by Ndungu et al. (2016)

Untreated sediment

Water content (%) Particles D > 63 µm (%) Particles D < 2 µm (%) TOC (%) pH SO4
2− (mg  L−1) S2− (mg  L−1)

84 ± 9* 6.4 ± 0.6* 3.0 ± 0.3 5.6 * 8.1 900 0.12
Sediment after addition of algae biomass*
THg (mg  kg−1) MeHg (µg  kg−1) DOC (mg  L−1) TOC (%) pH SO4

2− (mg  L−1)
57.1 0.9 94 6.6** 7.6 1600

1049Journal of Soils and Sediments (2022) 22:1041–1053



1 3

and found that AC bound MeHg strongly, especially for 
sediments with intrinsically weak sorption. KD of MeHg 
for the whole system increased at least 1 order of magni-
tude at AC dosages of up to 8%. In contrast to the present 
study, formation of MeHg was not stimulated by the sorb-
ent amendments — total MeHg sediment concentration 
remained constant. In another study by the same team 
(Gilmour et al. 2018), one of the first thin-layer capping 
field tests for Hg and MeHg, a strong effect of AC was 
observed after 1 month (90% reduction in porewater con-
centration), but this effect was not sustained for 2 years 
(reduced to 40% effect). Biochar, in contrast to AC, sus-
tained a moderate effect of 40–60% reduction in porewater 
concentrations (Table 2).

Liu et al. (2018) carried out a 500-day microcosm experi-
ment including pyrosequencing to study the microorganisms 
present. They observed clearly lower MeHg in porewater 
in the presence of AC and various biochar amendments. 
Overall KD of the amended systems was strongly variable 
(2.3 to 4.3 log L  kg−1), similar to what was observed in the 
present study (2.9–5.0 log L  kg−1). There was no clear pat-
tern of stimulation of MeHg formation by the amendments 
— MeHg sediment concentrations were not significantly 
different across controls and amendments and ranged from 
8 to 35 µg  kg−1 and are rather similar to values observed in 
the control of the present study (0.9 ± 0.2—38 ± 8 µg  kg−1; 
Table S1). However, some spikes were observed, especially 
for the high-temperature biochars, up to 260 µg  kg−1. Such 
spikes are in line with observations in the amended samples 
in the present study.

Observations of stimulation of MeHg formation in the 
sediment (Sect. 4.1) at the same time as removal of the 
majority of MeHg from the porewater by the amendments 
are mirrored by the trends seen in two studies on inundated 
anaerobic rice paddy soils. Shu et al. (2016) observed that 
non-activated straw biochar reduced MeHg uptake by rice 
grains (49–92%), even though more MeHg was formed 
(20–80% more). Thus, MeHg was strongly bound to biochar 
(MeHg in overlying water was 95% lower) and diluted in the 
plants because of stimulation of crop production by 35–79%. 
Overall, KD between solid and overlying water was a factor 
10 higher with biochar, offsetting the 20–80% stimulation of 
MeHg formation. Similar to this study, Zhang et al. (2018) 

observed that biochar reduced MeHg levels in rice plants by 
60% due to 64–99% lower bioavailability (as measured by 
thiosulfate extraction), even though soil MeHg levels were 
increased by 5–75%.

All in all, the latter two rice paddy studies observed a 
stimulation of MeHg formation by sorbent amendment in 
the same order of magnitude as the present study. However, 
the overall remediation effect was less strong for MeHg in 
these studies (50–90%) than in the present study (> 95%), 
probably because non-activated biochars were used, in con-
trast to the activated materials deployed in the present study. 
Activation usually leads to an increase in sorption strength 
of around 1 order of magnitude for hydrophobic organic 
compounds (Kupryianchyk et al. 2016).

Even though this study and others have shown that AC 
amendment can significantly reduce MeHg porewater con-
centrations, the accompanying increase of total MeHg con-
tents in the sediment could be an issue of concern. Whether 
an AC amendment will be able to sufficiently counter such 
an increase over time by sorbing new MeHg desorbing from 
the sediment will depend on multiple factors: the total sorp-
tion capacity of the AC, the availability of substrates that 
drive methylation in the sediment, and the extent of degrada-
tion of OM and subsequent release of MeHg associated with 
it. Long-term studies (> 12 months) or modelling such sce-
narios might provide the insight needed to properly under-
stand the limitations of AC amendment of Hg-contaminated 
sediment.

Given these considerations, the second hypothesis (H2) 
was confirmed: the AC sorbents efficiently reduced pore-
water MeHg concentrations, but further studies are needed 
to increase the understanding of to what extent AC increase 
Hg-methylation in sediments, and how this will affect sorb-
ent performance in the long term.

5  Conclusion

Under conditions with high DOC-concentrations, that 
lead to complexation with MeHg and probably reduce the 
sorption of MeHg due to size exclusion from micropores 
in the sorbents, the A-AC and A-BC amendments were 
still able to strongly reduce the porewater concentration 
of MeHg. However, these carbonaceous sorbents also 
seemed to contribute to an increase in the total MeHg-
contents in the sediment over time. It is speculated that 
the effect is mainly due to the AC amendments assist-
ing the methylation processes through electron shuttling 
effects, rather than the direct addition of labile OM. 
Future research efforts should be directed towards explor-
ing the potential mechanisms and conditions that might 
allow carbonaceous sorbents to assist Hg-methylating 
bacteria.

Table 2  Pseudo log KD-values (L  kg−1) calculated for sediment–
water distribution of MeHg with and without amendments at various 
time intervals. Error estimates based on analytical error

Treatment 0 months 1 month 3 months 6 months 12 months

Control 2.0 ± 0.6 1.7 ± 0.5 1.7 ± 0.5 2.5 ± 0.7 2.8 ± 0.8
A-AC 2.4 ± 0.7 2.9 ± 0.8 3.4 ± 1.0 5.0 ± 1.3 4.4 ± 1.2
A-BC 2.0 ± 0.6 3.3 ± 0.9 3.9 ± 1.1 5.0 ± 1.4 4.4 ± 1.2
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It should be noted that in addition to the mechanistic 
insight this study provides, it demonstrates what could 
happen in a system where OM is in excess, providing good 
conditions for bacterial methylation of Hg, that should be 
considered representative either for an organic and sul-
phate rich sediment, or for a scenario where large algal 
blooms provide such a carbon and nutrient source to a 
more OM poor sediment. During an event like this, there 
is also a risk of excess OM in the porewater attenuating 
the effect of the sorbent.

These findings demonstrate that caution is warranted 
when considering the use of carbonaceous sorbents for 
Hg-contaminated sediment remediation. The optimal 
amendment scenario to avoid the formation of MeHg 
would therefore be a solution where the sorbents are not in 
direct contact with the Hg-contamination in the sediment, 
thus limiting transport out of the sediment, but not contrib-
uting to increased MeHg formation in the contaminated 
sediment. Thin capping with a layer of active sorbents 
(Cornelissen et al. 2012; Patmont et al. 2015) may in the 
case of Hg contamination be a better solution than com-
plete mixing of sorbent and sediment (Ghosh et al. 2011).

Finally, this study has shown that biomass-based A-BC 
outperformed traditional fossil-based A-AC, as A-BC was 
equally effective as A-AC in MeHg removal from porewater, 
while leading to a smaller increase in sediment MeHg. Con-
sidering in addition that biochars offer a more sustainable 
sorbent remediation alternative in a life cycle perspective 
(Sparrevik et al. 2011; Alhashimi and Aktas 2017), acti-
vated biochars might be the best alternatives for sorbent-
assisted remediation of Hg-contaminated sediments.
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