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Abstract
Biodiversity models make an important contribution to our understanding of global bio-
diversity changes. The effects of different land uses vary across ecosystem types, yet most 
broad-scale models have failed to account for this variation. The effects of land use may be 
different in systems characterized by low water availability because of the unusual condi-
tions within these systems. Drylands are expanding, currently occupying over 40% of the 
terrestrial land, while Mediterranean systems are highly endangered biodiversity hotspots. 
However, the impact of land use on biodiversity in these biomes is yet to be assessed. Using 
a database of local biodiversity surveys, we assess the effects of land use on biodiversity in 
the world’s drylands and Mediterranean ecosystems. We compare the average species rich-
ness, total abundance, species diversity, ecological dominance, endemism rates, and com-
positional turnover across different land uses. In drylands, there was a strong turnover in 
species composition in disturbed land uses compared with undisturbed natural habitat (pri-
mary vegetation), but other measures of biodiversity did not respond significantly. How-
ever, it is important to note that the sample size for drylands was very low, a gap which 
should be filled promptly. Mediterranean environments showed a very high sensitivity of 
biodiversity to land uses. In this biome, even habitat recovering after past disturbance (sec-
ondary vegetation) had substantially reduced biodiversity and altered community composi-
tion compared with primary vegetation. In an effort to maintain original biodiversity and 
the ecosystem functions it supports within Mediterranean biomes, conservation measures 
should therefore prioritize the preservation of remaining primary vegetation.

Keywords Biodiversity · Drylands · Land use · Mediterranean · Synthetic model

Communicated by Daniel Sanchez Mata.

Electronic supplementary material The online version of this article (https ://doi.org/10.1007/s1053 
1-019-01888 -4) contains supplementary material, which is available to authorized users.

 * Diego García-Vega 
 diegogavega@gmail.com

 * Tim Newbold 
 t.newbold@ucl.ac.uk

1 Centre for Biodiversity and Environment Research, Department of Genetics, Evolution 
and Environment, University College London, Gower Street, London WC1E 6BT, UK

http://orcid.org/0000-0001-9704-5640
http://orcid.org/0000-0001-7361-0051
http://crossmark.crossref.org/dialog/?doi=10.1007/s10531-019-01888-4&domain=pdf
https://doi.org/10.1007/s10531-019-01888-4
https://doi.org/10.1007/s10531-019-01888-4


394 Biodiversity and Conservation (2020) 29:393–408

1 3

Introduction

The rate of global biodiversity loss has accelerated rapidly in the past century as the rate 
of human activities has also accelerated (Ceballos et al. 2015; Steffen et al. 2015). Habitat 
loss has been the main driver of this decline worldwide, and is responsible for nearly two 
thirds of the terrestrial surface having transgressed a proposed ‘safe limit’ of local species 
extinctions (Newbold et al. 2016a). More than three quarters of the Earth’s ice-free land 
area has been modified or is under use by humans to some extent (Ellis and Ramankutty 
2008). A major contributor to human land use is agricultural production, with an estimated 
37% of the terrestrial surface converted to agriculture by 2015 (The World Bank 2017). 
Human land uses, including agricultural lands, urban areas and plantation forests, are pre-
dicted to further expand in the coming decades to meet the rising demand of a growing 
population (Seto et al. 2011; Kröger 2014; Von Lampe et al. 2014). How landscapes evolve 
around the world in the near future will determine the rates of biodiversity loss, and under-
standing the impacts of land use is therefore central to the conservation of biodiversity.

Declines in biodiversity negatively affect local ecosystem functions and services, and 
thus are a major threat for humanity (Cardinale et al. 2012). Plant and animal biodiversity 
are positively linked to plant productivity and soil health (Lal 2004; Maestre et al. 2012), 
and thus may enhance the sequestration of atmospheric carbon (Lal 2004). The loss of 
diversity may consequently slow down the mitigation of  CO2 levels and undermine pro-
gress on limiting climate change. Additionally, increased crop yields and resilience to per-
turbations are associated with higher species diversity within agricultural lands (Di Falco 
2012). Biodiversity conservation may therefore play an important role in securing food 
availability in the face of a growing demand and changing environmental conditions.

The effects of land use on non-cultivated biodiversity are variable across ecosystem 
types. Previous studies have found widely differing effects of land use in different biomes. 
For instance, agricultural fields reduce numbers of species and individuals in tropical for-
ests (Newbold et al. 2014), but may increase them in deserts (e.g. McIntyre et al. 2001; 
Norfolk et al. 2015). Most models of the response of biodiversity to land use assume a sin-
gle relationship for all biomes/ecosystem types (e.g. Sala et al. 2000; Newbold et al. 2015), 
thus failing to distinguish spatial differences in responses. Another issue is that many bio-
diversity models use relatively simple measures of biodiversity, such as numbers of species 
or individuals (Newbold et al. 2014), which can be inadequate for fully representing biodi-
versity changes (Hillebrand et al. 2018). Considering changes in the species composition of 
communities is also informative (Dornelas et al. 2014; Newbold et al. 2015, 2016b, 2018). 
Globally, land use has been shown to cause a replacement of more endemic with more 
wide-ranging wild species (Newbold et al. 2018).

Drylands and Mediterranean biomes are characterized by relatively low rainfall, which 
may lead to unusual responses of biodiversity to land use. It is estimated that land use 
has been responsible for both drylands and Mediterranean environments being among the 
biomes to have experienced the largest declines in biodiversity to date (Newbold et  al. 
2016a), but without accounting for potential differences in land-use responses in these 
biomes compared to other environments. Further, projections rank Mediterranean as the 
biome that will face the largest loss of diversity in the coming years, with land use being 
the strongest driver of these declines (Sala et al. 2000). Mediterranean environments are 
additionally threatened by land degradation and desertification, induced by further human 
land-use changes and increasingly warm and dry conditions (Geeson et al. 2002). Drylands 
have also witnessed a large historical decline in species diversity and abundance as a result 
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of human land uses (Newbold et al. 2016a), and land-use impacts on biodiversity are pre-
dicted to become greater in hot and dry places (Mantyka-Pringle et al. 2012); yet further 
land conversion is expected to be moderate in this biome (Sala et al. 2000).

While most broad-scale models have failed to recognize that responses vary among eco-
system types, there have been a few regional and many local studies on the impact of land 
use in Mediterranean and dryland environments (indeed, the database we use here is a col-
lation of such local studies). For example, at regional scales, land-use changes in Mediter-
ranean environments in Italy have been associated with losses of Mediterranean-specialist 
species (Falcucci et al. 2007). Similarly, livestock grazing in Australia (which is comprised 
mostly of dryland or Mediterranean ecosystems) is associated with reductions in plant bio-
mass and abundance, and to a lesser extent animal species richness (Eldridge et al. 2015). 
In drylands, small-scale studies of the effects of arable agriculture and livestock grazing on 
local biodiversity have found generally weaker and sometimes positive effects, which differ 
strongly among taxonomic groups (Milchunas et al. 1998; McIntyre et al. 2001; Norfolk 
et al. 2013, 2015). On the other hand, dryland studies have also shown strong turnover in 
ecological community composition among land uses, at least for plant species (Norfolk 
et al. 2015).

We therefore expect different biodiversity responses between Mediterranean and dry-
land biomes. Owing to the increased productivity and water availability found in managed 
land uses compared to natural sites in drylands (Webb et al. 1978), species diversity and 
abundance may be higher. In contrast, by reducing the structural complexity of habitats, 
human alteration is expected to reduce the high diversity and abundance of Mediterranean 
habitats. Shifts in species communities across land uses are predicted in both biomes, with 
a replacement of more endemic species with more wide-ranging species, increasing the 
risk of local extinctions, and potentially leading to altered ecosystem functions (Symstad 
et al. 1998).

Materials and methods

Study areas

This paper analyses data from studies conducted across the world’s drylands and Medi-
terranean ecosystems, as defined by the Nature Conservancy’s (The Nature Conservancy 
2009) map of ecoregions. Mediterranean biomes are characterised by hot and dry sum-
mers, followed by cool and moist winters that concentrate most of the annual rainfall 
(Olson et al. 2000). These ecosystems are significant biodiversity and endemism hotspots 
(Cowling et al. 1996; Myers et al. 2000), hosting 20% of the Earth’s plant species (Cody 
1986). They are confined to around 2% of the terrestrial land area, distributed across 27 
countries in five separate geographical regions (Fig. 1), and accounted for about 5% of the 
world’s population in 2000 (Underwood et  al. 2009). The Earth’s drylands, on the other 
hand, are characterised by temperature extremes and by water scarcity, with evaporation 
rates usually equalling or exceeding rainfall (Olson et  al. 2000). Drylands have diverse 
floral and faunal communities adapted to water scarcity, with high rates of species ende-
mism (Olson et al. 2000). Expanding over 40% of the Earth’s terrestrial surface and at least 
58 countries (Fig.  1), drylands are home to over 35% of the world’s population (United 
Nations Environment Management Group 2011). Together, these two ecosystem types are 
therefore highly significant socio-ecologically.
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The PREDICTS database

Data were drawn mainly from the PREDICTS database (Hudson et al. 2016, 2017). The 
PREDICTS (Projecting Responses of Ecological Diversity In Changing Terrestrial Sys-
tems) Project has collated empirical data from local studies across the globe in every major 
type of ecosystem (Hudson et  al. 2017), to build the most representative models of the 
effects of land use on biodiversity (Newbold et  al. 2015). The PREDICTS database is a 
collation of studies comparing ecological communities across land uses, mostly published 
studies and surveys, with a few datasets from reports and databases published in the grey 
literature (Hudson et  al. 2017). The database includes biodiversity surveys conducted in 
over 26,000 sites, with more than 47,000 species recorded (Hudson et  al. 2016, 2017). 
Most studies in the PREDICTS database report the abundance of individual species, but 
a few report only species occurrence or in rare cases simply total community species rich-
ness. In all cases, studies gave site coordinates, and maintained constant sampling methods 
across sites (Hudson et al. 2014).

Since studies around the world have focused on a few taxonomic groups and biomes, 
there is an over-representation in the PREDICTS database of some regions over others, 
and of some taxonomic groups over others within these regions. Mediterranean biomes are 
well represented (1952 sites in around 2% of the terrestrial land area), while drylands are 
much less so (320 sites in over 40% of the land area). PREDICTS remains, nevertheless, 
one of the most complete databases currently available on biodiversity responses to land 
use across biomes. By analysing this wide collection of local data, assessments have been 
able to estimate broad-scale associations between diversity and land use, but the specific 
responses of biodiversity across habitats in drylands and Mediterranean biomes is yet to 
be assessed. In this study, we attempt to build as accurate and complete models as possible 
of land-use impacts on various different measures of biodiversity in drylands and Mediter-
ranean environments.

Owing to the very low representation of drylands within the PREDICTS database, we 
supplemented the existing database with new data identified through a targeted search 
for studies of land-use impacts in drylands. To perform the targeted search, we used the 

Fig. 1  Sites sampled in drylands and Mediterranean environments around the world. The light and dark 
grey shaded areas represent the distribution of dryland and Mediterranean biomes, respectively, based on 
The Nature Conservancy’s (The Nature Conservancy 2009) ecoregions. Numbers represent the number of 
sites in each realm-biome combination: black text for Mediterranean sites and dark grey text for dryland 
sites
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keywords “diversity”, “dryland”, “arid”, “desert”, “land use”, “agriculture”, “cropland”, 
“pasture”, “urban”, “plantation”, “primary vegetation” and “secondary vegetation” in 
online search engines (Google Scholar, Web of Science). We found only two additional 
studies. Our search for additional datasets for drylands systems followed the same proto-
cols used when compiling the original PREDICTS database (Hudson et al. 2014), although 
we didn’t require the precise coordinates of sites.

Mediterranean and dryland data

The final dataset for Mediterranean environments included 179,701 records of species 
abundance or occurrence from 1926 sites, collated from 37 studies. The representation of 
drylands was much lower, including 17 studies with 18,761 records, from 320 sites. The 
fact that we conducted an extensive search for additional drylands data suggests that the 
limited representation of drylands likely reflects a limited number of studies in the primary 
literature rather than a systematic bias in the PREDICTS database.

Sites extended across every major area of the world where drylands and Mediterranean 
biomes occur (Fig. 1); yet some regions were more sampled than others. The vast majority 
of sites (1686) collated from Mediterranean environments were from the Palearctic realm, 
mainly from the Mediterranean Basin in Southern Europe, the largest area in the world 
with a Mediterranean climate. The least sampled area was South America, with eight sites. 
The sample sizes across the globe should be large enough to determine associations that 
are representative of the entire biome, assuming that Mediterranean biodiversity behaves 
similarly across continents (although studies have shown local variability within other eco-
systems, such as tropical forests (e.g. Phillips et al. 2017).

In contrast, dryland sites covered a much smaller proportion of their total land area 
(Fig.  1). The most sampled region was sub-Saharan Africa (117 sites), and to a lesser 
degree North America (37 sites). In relation to their area, the Palearctic realm (including 
Northern Africa and the Middle East; 59 sites), Australasia (30 sites) and the Indo-Malay 
realm (no sites) were the least represented. Although the smaller total sample size of dry-
lands may create a larger uncertainty in this biome’s models, no significant geographical 
bias was present (apart from the absence of data for the Indo-Malay realm).

Land-use types in the database include primary vegetation (natural habitat with no 
record of prior destruction), secondary vegetation (natural habitat recovering after prior 
destruction by human actions or extreme natural events), croplands (areas used for growing 
herbaceous crops), pastures (areas used for livestock grazing), and plantation forests (areas 
used for growing woody crops, including several permanent crops that are important in 
Mediterranean regions such as olive and fruit trees) and urban habitats (areas of human set-
tlement). Secondary vegetation sites at different succession stages (mature, intermediate, 
young or indeterminate age) and with different types of vegetation (forests, woodlands or 
scrublands) were clustered together in these analyses to increase their representation. Dif-
ferent secondary recovery stages and vegetation types were all represented in the sampled 
secondary vegetation sites (Supplementary Fig.  1, Table  2). Natural habitats, comprised 
of primary and secondary vegetation, were the most represented group in both biomes’ 
datasets (Fig. 2). Agriculture constituted the second largest group of land uses, including 
pastures and croplands. While pastures were more abundant among the dryland agricul-
tural sites, croplands were predominant among the Mediterranean sites. This may be to 
some extent a bias of the database, yet it also somewhat reflects the real overall share of 
these two land uses in each environment (Moore et  al. 2010; The Food and Agriculture 
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Organization of the United Nations 2016). Urban sites and plantation forests were less 
sampled, particularly in drylands.

The database is composed of records for vertebrates, invertebrates, plants and fungi 
(Table  1). All four taxonomic groups are reasonably well represented in both biomes, 
except for fungi in drylands (with a total of only 3 sites), which are therefore excluded from 
this biome’s analyses. Not all taxonomic groups are homogeneously represented across 
land uses (Table 1). The non-evenness of taxonomic groups across sites may create a cer-
tain bias in the model results.

Fig. 2  Distribution of sites among land uses in drylands and Mediterranean environments. Numbers in the 
centre give the total number of sites within each biome. Pr = Primary Vegetation, Se = Secondary Vegeta-
tion, Pl = Plantation forest, Cr = Cropland, Pa = Pasture, Ur = Urban

Table 1  Number of sites in each land-use type within each of the studied biomes, in the final dataset used 
for analysis

Sites are broken down by taxonomic group, with ‘multiple’ indicating sites where more than one of the tax-
onomic groups was sampled. Note that plantation forests and all sites sampled for fungi were not included 
in the drylands analysis because of insufficient representation

Taxon Number of sites

Primary Secondary Plantation 
forests

Croplands Pastures Urban Total

Drylands
 Vertebrates 45 10 NA 2 21 2 80
 Invertebrates 26 23 NA 27 15 16 107
 Plants 6 17 NA 0 40 9 72
 Total 77 50 NA 29 76 27 259
Mediterranean
 Vertebrates 107 222 78 259 21 0 687
 Invertebrates 93 166 24 35 22 35 375
 Plants 224 169 38 7 54 12 504
 Fungi 0 165 32 28 24 18 267
 Multiple 51 0 7 0 0 0 58
 Total 475 722 179 329 121 65 1891
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Species diversity, abundance and ecological dominance models

Metrics and units of diversity, sampling methodologies and taxonomic groups sampled 
varied across studies. Owing to this hierarchical structure and non-independence of the 
data, we used generalized linear mixed-effects models (GLMMs) (Zuur et al. 2009). We 
included a random intercept of study identity to account for the expected large differences 
among studies. We also fitted a random intercept representing spatial blocks of sites within 
studies (see Hudson et al. 2014 for details), to account for the spatial structuring of sites. 
These hierarchically structured models are the best way to account for potential spatial 
autocorrelation in biodiversity measures short of fitting very complex models with spatial 
terms, which are computationally infeasible (Newbold et  al. 2015). To test whether any 
spatial autocorrelation remained in the model residuals, we used a Moran’s I test. All the 
statistical analyses were performed using the ‘StatisticalModels’ (https ://githu b.com/timne 
wbold /Stati stica lMode ls) and lme4 (v. 1.1-15) (Bates et al. 2015) packages in R (v. 3.3.2) 
(R Core Team 2016), using backward stepwise model selection, as recommended by Zuur 
et al. (2009). The significance threshold was set at 0.05. Studies that focused on a single 
species were excluded from the analysis.

We modelled the log-transformed total abundance of individuals, the Simpson’s Recip-
rocal Diversity Index, and the Berger–Parker index as functions of land use in each biome, 
using a Gaussian distribution of errors. Being a list of integer count data, species richness 
was modelled using a Poisson distribution of errors, with site identity added as an addi-
tional random intercept to correct for over-dispersion (Rigby et al. 2008). The Simpson’s 
reciprocal index offers a more complete look at diversity than species richness and total 
abundance alone, as it takes into account both species richness and abundance simultane-
ously. Moreover, this measurement is widely used and relatively independent of sample 
size (Somerfield et al. 2008), which makes it appropriate for the varying group sizes in this 
analysis. The Berger–Parker index measures ecological dominance, as the proportion of 
the entire community that is made up of the most common species. This measurement has 
been used successfully to assess changes in diversity between disturbed and undisturbed 
Mediterranean environments (Caruso et al. 2006).

Land uses may be distributed non-randomly with respect to climate, which in turn influ-
ences biodiversity, potentially biasing the results of the model. To control for this possibil-
ity, we included four climatic variables known to be important for biodiversity into our 
models: maximum temperature of the warmest month, minimum temperature of the cold-
est month, precipitation of the wettest month and precipitation of the driest month. We 
obtained all of these variables from WorldClim Version 1.4 at a spatial resolution of 30 
arc-seconds (Hijmans et al. 2005), and intersected them with our site data using the ‘raster’ 
R package (v. 2.6-7) (Hijmans 2017). We removed any climatic variables that were highly 
correlated with others: maximum precipitation for the drylands models; and maximum 
temperature and maximum precipitation for the Mediterranean models.

Endemism and species’ identity

In addition to broad changes in overall diversity levels across land uses, the species compo-
sition of communities may also shift (Newbold et al. 2016b), with geographically rare spe-
cies typically disproportionately impacted by human land uses (Newbold et al. 2018). To 
test whether such compositional changes were occurring with land use in Mediterranean 

https://github.com/timnewbold/StatisticalModels
https://github.com/timnewbold/StatisticalModels
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and dryland systems, we first calculated an inverse measure of community ‘endemism’ as 
an abundance-weighted average of the geographical range occupancy of all species within 
a community (Newbold et al. 2018). This measure has been shown to capture well differ-
ences in the way that narrow- and wide-ranging species respond to land use (Newbold et al. 
2018). Each species range occupancy was defined as the total land area of 0.5° grid cells 
occupied by records in the Global Biodiversity Information Facility (GBIF) (https ://www.
gbif.org/) (Newbold et al. 2018). We fitted community-average  (log10-transformed) range 
occupancy as a function of land use as before using GLMMs with a Gaussian distribution 
of errors. For these analyses, we grouped pastures and croplands to increase representation, 
and removed urban sites owing to their low representation. Owing to the potential non-
random distribution of land uses with respect to climate, and the effect that climate may 
have on community-average range occupancy, we fitted the same climatic variables into the 
models as in the models of abundance, species richness and species diversity (see above).

To compare community composition between land uses, we created a species presence/
absence matrix for each site, where a species is absent in one site if it is not recorded in that 
site but is present in another site within the same study. We measured similarity between 
pairs of sites within studies using the Sørensen’s index, which has been shown to capture 
well community turnover in simulated datasets (Boyce and Ellison 2001). Because this 
analysis required pairwise comparisons, and thus had a reduced sample size, the represen-
tation of drylands was particularly low. We excluded urban and plantation forest sites from 
both biomes’ analyses due to the low sample size of compositional similarity data in these 
land uses. To increase their representation, we clustered agricultural land uses together 
for both biomes, as well as natural sites (primary and secondary vegetation) in drylands. 
We calculated the average similarity between each pair of land uses first within, and then 
across studies.

Results

Summary

Local diversity responded strongly and negatively to land use in Mediterranean environ-
ments worldwide (Figs. 3, 5). In contrast, no significant responses were detected in dry-
lands, although diversity tended to be reduced in croplands (Fig. 4). Significant turnover 
in community composition was observed in both Mediterranean and dryland environments 
(Table 2).

Abundance, diversity and ecological dominance models

Abundance, species richness, Simpson’s diversity index and dominance did not differ 
significantly across land uses in dryland environments (Likelihood ratio tests: all χ2 < 8.1, 
P > 0.09; Fig.  4). Nevertheless, Simpson’s diversity and species richness tended to be 
lower, and dominance tended to be higher in croplands. In contrast, significant differences 
were found across land uses in the Mediterranean biome for the total abundance of individ-
uals (χ2

5,13 = 83.0, P < 0.001), species richness (χ2
5,13 = 58.7, P < 0.001), Simpson’s diversity 

index (χ2
5,12 = 38.0, P < 0.001) and Berger–Parker dominance index (χ2

5,11 = 25.7, P < 0.001). 
Total abundance and species richness declined very markedly in all land uses relative to 
primary vegetation (Fig.  3a, b). Surprisingly, secondary vegetation differed greatly from 

https://www.gbif.org/
https://www.gbif.org/
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primary sites: after urban habitats, they yielded the lowest abundance, species richness and 
diversity (Simpson’s index; Fig. 3a–c), and the highest dominance levels (Berger–Parker 
index; Fig. 3d). Plantation forests (including permanent crops that are important commer-
cially in Mediterranean environments such as fruit and olives), herbaceous croplands and 
pastures had slightly higher biodiversity on average than secondary vegetation and urban 
areas. Significant spatial autocorrelation was detected in the residuals of the species rich-
ness model (Moran’s I test: I = 1.84, P = 0.03), but not in the models of the other biodiver-
sity measures (P > 0.05).

Endemism and species’ identity

The community-average geographical range occupancy of species did not vary signifi-
cantly across land uses in drylands (χ2

2,11 = 0.87, P = 0.65), although it did tend to increase 
in human-disturbed land uses (Fig. 5b). In contrast, there was a strong effect of land use 
on community-average geographical range occupancy in Mediterranean environments 
(χ2

3,7 = 46.8, P < 0.001). In the Mediterranean biome, primary vegetation hosted the highest 
endemism rates (i.e. lowest average geographical ranges), with all other land uses (sec-
ondary vegetation, agriculture and plantation forests) containing communities with aver-
age range sizes approximately 75% higher (Fig. 5a). When compared to the variation in 
endemism between land uses globally across all terrestrial biomes (Fig. 5c; Newbold et al. 
2018), Mediterranean environments stand out as having a substantially greater difference 

Fig. 3  Differences in the total abundance of individuals (a), species richness (b), Simpson’s diversity index 
(c) and Berger–Parker dominance index (d) across land uses in Mediterranean environments, with primary 
vegetation as the reference condition. All tests yielded significant differences across land uses (P < 0.001). 
Error bars represent 95% confidence intervals. Pr = Primary Vegetation, Se = Secondary Vegetation, 
Pl = Plantation forest, Cr = Cropland, Pa = Pasture, Ur = Urban
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between land uses (an approximately 25% greater difference between primary vegetation 
and all other land uses).

In dryland environments, the species community composition differed more strongly 
between natural and agricultural sites than within these land uses, and communities 
were found to be more similar within agricultural habitats than within natural habitats 
(Table 2). In Mediterranean environments, communities in secondary vegetation and, to a 
lesser extent, agricultural habitats differed more substantially from those in primary veg-
etation than communities within primary vegetation differed from each other (Table  2). 

Fig. 4  Differences in the abundance of individuals (a), species richness (b), Simpson’s diversity index (c) 
and Berger–Parker dominance index (d) across land uses in drylands, with primary vegetation as the refer-
ence condition. All tests yielded non-significant overall differences across land uses (P > 0.09). Error bars 
represent 95% confidence intervals. Pr = Primary Vegetation, Se = Secondary Vegetation, Pl = Plantation 
forest, Cr = Cropland, Pa = Pasture, Ur = Urban

Table 2  Average species 
compositional dissimilarity 
(1 − Sørensen’s index) of pairs of 
communities within and across 
different land uses in dryland and 
Mediterranean environments

We grouped primary and secondary sites in the drylands analysis, 
owing to low representation. The number of published studies on 
which each value is based is given in parentheses

Land use Primary Secondary Agriculture

Drylands
Primary/secondary
Agriculture

0.00 (n = 13)
0.21 (n = 8)

0.21 (n = 8)
− 0.30 (n = 8)

Mediterranean
Primary
Secondary
Agriculture

0.00 (n = 24)
0.37 (n = 6)
0.11 (n = 8)

0.37 (n = 6)
0.16 (n = 6)
NA (n = 0)

0.11 (n = 8)
NA (n = 0)
− 0.02 (n = 8)
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Communities within secondary vegetation differed strongly from one another, with inter-
mediate self-similarity within primary vegetation, and the highest self-similarity in agri-
culture (Table 2). In Table 2, a lower compositional dissimilarity value indicates a higher 
similarity between the species communities of the compared habitats. Self-similarities 
between pairs of natural habitat sites for drylands and between pairs of primary vegetation 
sites for Mediterranean environments are the references to which the other comparisons 
are made (and are thus given a value of zero). Negative values are possible if the aver-
age pair of sites in a given combination of land uses are more self-similar composition-
ally than pairs of sites both in natural habitat (primary and secondary vegetation combined 
in drylands, or primary vegetation only in Mediterranean environments). In other words, 
we found that agricultural sites in both Mediterranean and dryland environments are more 
self-similar compositionally than natural-habitat sites.

Discussion

Land use is currently the strongest driver of biodiversity loss worldwide, and its influence 
will likely increase in future (Sala et al. 2000; Newbold et al. 2015). While the impacts of 
land use on biodiversity are often assumed to be consistent globally (Sala et al. 2000; New-
bold et al. 2015), they can vary significantly across biomes. This study is the first, to our 
knowledge, to assess land-use impacts for dryland and Mediterranean biomes across the 
globe. Our results provide a few insights into the response of drylands’ biodiversity, while 
highlighting a need for further research in this biome. We found clear, strong responses 
to land use of several metrics of biodiversity in Mediterranean ecosystems, which should 
inform future conservation measures.

Drylands

We found no significant differences in abundance or diversity across land uses in dry-
lands, although croplands tended to have slightly lower biodiversity than natural habi-
tat. Although the overall weak differences observed may be at least in part due to the 
low representation of this biome in the database, other studies using the PREDICTS 

Fig. 5  Differences in community-average range sizes of species (Newbold et  al. 2018) across land uses 
in Mediterranean environments (a), drylands (b) and globally across the world’s biomes (c). Communi-
ties composed of species with large range sizes on average are communities with low endemism levels. 
The Mediterranean model yielded significant differences in average range size across land uses (P < 0.001), 
while differences for drylands were non-significant (P = 0.65). Error bars represent 95% confidence inter-
vals. Pr = Primary Vegetation, Se = Secondary Vegetation, Pl = Plantation forest, Cr = Cropland, Pa = Pas-
ture, Ur = Urban
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database have found significant results in similar models with smaller sample sizes (e.g. 
Echeverría-Londoño et al. 2016). One previous study, in the shortgrass steppe of North 
America, found strong differences in responses among different groups of species, 
from abundance declines of over 50% to increases of over 40% (Milchunas et al. 1998). 
Future synthetic studies like ours should test for such taxonomic variation in responses, 
but for dryland environments this will require the collection of much more primary data.

A previous meta-analysis (Darkoh 2003) found that agriculture in the African dry-
lands had lower species diversity and abundance than natural environments. This is con-
trary to our expectations, since in drylands agricultural areas have higher productivity 
and water availability than natural habitat (Webb et al. 1978). Darkoh (2003) identified 
harmful agricultural practices promoting the degradation of lands and vegetation as the 
root cause of this species decline. The impacts of agriculture on drylands’ biodiversity 
may therefore vary greatly depending on the type of agriculture practiced. Ecological 
desert farming, including organic methods, intercropping, and conservation agriculture 
practices (García-Palacios et  al. 2019), may increase some measures of biodiversity 
(Norfolk et al. 2013), by increasing productivity and water availability, among others, 
while avoiding the harmful effects of industrial agricultural practices. The impacts of 
different types of agriculture on biodiversity have been compared across biomes (Batáry 
et al. 2011), but remain to be assessed in drylands specifically. We obtained insufficient 
data to consider the intensity of agriculture within our models. However, at least for 
cropland, intensity was on average much lower for the sampled dryland sites than for the 
Mediterranean sites (Supplementary Table 1). While this may reflect a true general ten-
dency for desert agriculture to be of lower intensity, it suggests that any intensification 
of dryland agriculture in future may cause greater losses of biodiversity than have been 
observed so far. Future studies could test the potentials of agro-ecological approaches in 
maintaining drylands’ biodiversity.

Contrary to expectations, the endemicity of communities also did not vary across land 
uses, possibly due to sample sizes being further limited in this analysis compared with 
the analyses of the other biodiversity metrics, because of the need also to have range-size 
measures for the sampled species. We expected endemicity to be lower in agricultural areas 
than in natural habitat, as specialist species adapted to the harsh xeric conditions of deserts 
are particularly vulnerable to environmental changes such as those imposed by human 
modification (e.g. irrigation, vegetative cover) (Harrison and Noss 2017). There was nev-
ertheless a marked shift in the species composition of communities between natural and 
agricultural sites, consistent with previous results focused on deserts in the Sinai Desert of 
Egypt (Norfolk et al. 2015). By driving community compositional shifts, the agricultural 
conversion of lands may consequently alter the ecosystem functions of dryland ecosystems 
(Symstad et al. 1998). Agricultural habitats also supported a more homogeneous species 
composition across sites (i.e. beta diversity) than natural environments, which may also 
have effects on ecosystem functioning (Wang and Loreau 2014).

Given the strong turnover in species composition that we show between natural and 
disturbed land uses in drylands, in order to maintain natural biodiversity and ecosystem 
function, conservation measures should prioritize natural habitats. More studies need to be 
conducted in drylands in order to determine with more confidence whether diversity and 
abundance differ across land uses. It is important to determine how biodiversity is chang-
ing in drylands and the consequence of these changes for ecosystem functioning, given the 
great human demographic importance of dryland environments (United Nations Environ-
ment Management Group 2011).
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Mediterranean environments

Previous studies have suggested large impacts of land use on the abundance and richness of 
Mediterranean communities worldwide, based on the large extent of human land use in this 
biome (Newbold et al. 2016a). However, these models did not consider that biodiversity 
within Mediterranean environments may be more or less sensitive to human land use than 
in other biomes. Our results suggest a disproportionate sensitivity of Mediterranean biodi-
versity to human land use, which means that losses of biodiversity are likely to have been 
even greater than reported previously (Newbold et al. 2016a). Even in secondary vegetation 
(natural habitat recovering after past disturbance), biodiversity was substantially lower than 
in primary vegetation, highlighting the irreplaceability of primary Mediterranean habitat. 
Previous cross-biome studies have produced mixed results regarding the biodiversity value 
of secondary vegetation. A global study using the same database that we used found reduc-
tions of 15–20% of species richness and 10–15% of total organism abundance in secondary 
vegetation in the earliest stages of recovery, while biodiversity showed little change or even 
an increase in more mature secondary vegetation (Newbold et  al. 2015). In contrast, we 
found declines of more than 30% of species richness and more than 50% of abundance. Our 
results were very similar to the declines associated with secondary vegetation in another 
global study (Moreno-Mateos et  al. 2017). However, this latter study considered mostly 
secondary vegetation in an early stage of recovery (averages of 16–22 years since the onset 
of recovery), whereas our Mediterranean secondary vegetation sites covered all stages of 
recovery (Supplementary Fig. 1).

Farmland abandonment is one of the commonest sources of current secondary vegeta-
tion in Mediterranean environments (Moreira and Russo 2007). As these lands become 
covered with forests, open areas and scrublands are lost, resulting in a shift in the spe-
cies community and an overall species loss. Additionally, the accumulation of fuel in these 
abandoned lands makes them highly prone to wildfires. The large fires that characterise 
the Mediterranean further reduce biodiversity through landscape homogenization (Moreira 
and Russo 2007). Moreover, current endemism rates are highly influenced by past land 
uses in this biome, and are lowest where there used to be intense agricultural or urban uses 
(Lavergne et  al. 2005). Past land uses, succession from abandoned farmlands and large 
wildfires may hence explain the remarkably low diversity, abundance and endemism levels, 
and the distinct composition of the species communities found in Mediterranean secondary 
vegetation. A limitation of our coarse-scale analysis is that we did not account for succes-
sion age and vegetation type, as information on these factors was not available for most 
secondary sites (Supplementary Fig. 1, Table 2).

Overall, our results suggest that conservation measures in Mediterranean ecosystems 
should prioritize the maintainenance of intact primary vegetation, which consistently sup-
ports a much larger and diverse community of species, with a greater proportion of more 
endemic species.

Conclusions

This study provides new insights into the effects of land use on biodiversity, in dryland 
and Mediterranean environments around the world. Our results may provide useful infor-
mation for conservation measures in these biomes. The biodiversity in Mediterranean 
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environments is more sensitive to land use than in drylands, and across all biomes consid-
ered together. Nevertheless, the shifts in species composition in anthropogenic land uses 
compared with natural habitats are likely to alter ecosystem functionality in both envi-
ronments. The additional habitat conversion expected to take place in Mediterranean and 
dryland environments (Sala et  al. 2000) is likely to be associated with large changes in 
biodiversity, which will be underestimated by models that ignore variation in biodiversity 
responses among biomes (Newbold et  al. 2015, 2016a). Further research must be con-
ducted in dryland environments to collect enough data to infer with confidence the bio-
diversity trends in this extensive and growing biome. However, our results suggest that 
conservation in both Mediterranean and dryland environments should focus on the preser-
vation of intact primary habitat to maintain the natural composition of species.
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